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Abstract

French Summary — Résumé en Francais

Le but de cette these est de caractériser les sources et la distribution spatio-temporelle
du mercure particulaire depuis la cote jusqu’au large d’un grand lac. Le cas d’étude est
la Baie de Vidy, qui a été reconnu par des études précédentes comme 1’endroit le plus
contaminé du Léman a cause du rejet des eaux usées préalablement traitées ou non par
une station d’épuration. Une étude sur I’historique a haute résolution du mercure,
d’autres métaux traces toxiques ainsi que sur la matiere organique, dans des sédiments
situés preés de 1’exutoire des eaux usées, a permis de déterminer les périodes pendant
lesquelles la contamination était la plus importante dans la Baie de Vidy. La pollution
de cette zone a commencé au début des années 1930. Apres I’installation de la station
d’épuration en 1964 dans la baie, une augmentation concomitante de la contamination
a €té observée pour certains métaux (plomb, cadmium, cuivre, zinc et mercure).
Cependant, un pic important de pollution a été enregistré en 1986 pour le mercure
(11pg g'). De nos jours, la valeur de contamination du mercure oscille entre 0.32 et
10.1 pg g' en fonction de la distance par rapport a I’exutoire. Dans la couche
néphéloide prés de I’interface eau-sédiments, la concentration totale en mercure est
plus forte pour I’eau non filtrée comparée a celle de 1’eau filtrée. D’autres propriétés
basées sur la couleur, la texture et la structure de la surface des sédiments ont été
¢tudiées. Une relation entre ces caractéristiques et la contamination en mercure a été
¢tablie, sans pour autant trouver une corrélation statistique entre le type de sédiment et
cette pollution. Les flux et les concentrations en mercure total et méthylmercure sur
des sédiments et des particules qui sédimentent (settling particles) ont été ¢galement
¢tudiés pendant deux ans, principalement sur deux sites pour deux profondeurs de la
colonne d’eau au large de la Baie de Vidy. Les résultats de cette ¢tude ont montré, tout
d’abord, I’existence d’une resuspension du mercure total particulaire du sédiment dans
la colonne d’eau, cinq metres au-dessus de la surface de sédiment. Mais également une
diminution des apports en mercure total particulaire, dépendant de la distance par
rapport a la source initiale de mercure provenant de la rive. Cette diminution pourrait

s’expliquer par un mélange d’advection entre le bassin principal et la zone cotiere.
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Abstract

Finalement, les taux de sédimentation des particules et de la matiére organique, pour
les deux sites échantillonnés (situés a 1,900 et 2,800 metres depuis la cote), restent
¢levés comparés aux données précédemment acquises pour le site SHL2 situé¢ au
centre du lac (point le plus profond). Concernant les résultats pour le méthylmercure,
de plus fortes concentrations et flux ont été mesurés dans les particules de la colonne
d’eau que dans les sédiments. A 1’inverse du mercure total, la distance par rapport a la
zone cotiere n’affecte pas clairement la concentration et le flux en méthylmercure.
Cela suggere que la source principale ne provient pas de la céte mais d’une
méthylation au sein méme des particules. Pour mieux comprendre ces potentielles
méthylations dans les particules, des incubations avec des traceurs isotopiques
(méthylmercure, mercure inorganique) ont été effectuées en parallele dans les
particules en suspension et dans les sédiments. La production potentielle de
méthylmercure dans les particules de la colonne est dix fois plus élevée que dans les
sédiments. Ces résultats confirment 1’hypothése possible d’une méthylation in situ. La
forte méthylation déterminée dans les particules est attribué essentiellement a la
qualit¢ de la matiére organique, plus algale ou fraiche que dans les sédiments,
permettant une assimilation plus aisée pour les micro-organismes responsables de la
méthylation du mercure. Ici, ces organismes sont principalement des bactéries sulfato-
réductrices anaérobiques, suggérant la présence de micro-gradient d’oxygene dans les
particules de la colonne d’eau oxique du Léman. Cette découverte ouvre la voie a des
recherches sur une meilleure compréhension des processus de méthylation du mercure
dans un milieu jusqu’alors considéré comme non propice a la transformation de ce

polluant en une forme plus toxique pour la biocénose lacustre.
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Abstract

Abstract

The aim of this study was to characterize the sources and the spatio-temporal
distribution of particulate mercury in and around a contaminated area of a freshwater
lake. The study case was Vidy Bay, which is the most contaminated area of Lake

Geneva, due to the sewage effluents of a wastewater treatment plant.

A high-resolution reconstruction of mercury, other toxic trace metals and organic
matter in sediments nearby the effluent of the wastewater treatment plant allowed
determining the most important periods of contamination in the bay. Although the
contamination in the lake started early and slowly increased along with the industrial
evolution in Europe, the highest values of Hg were recorded in Vidy Bay, reaching a
maximum of 11 ug g, in 1986. This contamination was clearly related to the
wastewater treatment plant effluents that also modified the organic matter quality.
Nowadays, the contamination of mercury in sediments within the bay varies between
0.32 and 10.1 pg g'! as a function of the distance to the outlet pipe. Total mercury was
also observed to be important in the non-filtered water of the nephloid layer in the
contaminated bay. Moreover, different visual characteristics were observed in
sediments of the bay. No statistical correlation was found between the visual
characteristics of sediments and the mercury contamination. Total mercury and
methylmercury concentration and fluxes were also studied over almost two years in
sediments and settling particles, mainly at two sites and two depths near Vidy Bay.
The results of this study suggested that (i) particulate total mercury is resuspended at
the bottom of the lake (5m), (ii) there is an input of particulate total mercury into the
lake from the shore to the deep lake that disappears with distance, probably due to the
mixing of advection between the main basin and the coastal zone, and (iii) mercury in
studied settling particles at the two sites (1,900 m and 2,800 m from the shore) were
still affected by the littoral inputs. Regarding the methylmercury results, higher
concentrations and fluxes in settling particles than in sediments were found. Slightly

more MeHg was observed in concentrations and fluxes at both sites. However, not a
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Abstract

clear decrease of these values with the distance to the shore was observed. Thus, it is
suggested that an internal methylation was taking place on settling particles. In order
to demonstrate this potential methylation in settling particles, isotopic-mercury
incubations in surface sediments and settling particles were carried out. Methylation
yields in settling particles were 10-fold higher than methylation yields in sediments.
These results strongly supported the hypothesis of possible methylation in settling
particles. The reason of this high methylation in settling particles pointed to the quality
of the organic matter, which was more algal or fresh type in settling particles than in
sediments. As mercury methylation is an anaerobic microbiological process, anoxic

microzones are suggested to exist inside the settling particles.
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Introduction

1. Introduction

1.1. Project context and objectives

This thesis forms part of a major collaborative project in which nine research groups,
from different Swiss institutions were involved. Léman 21 is a project conceived to
prevent the negative influences that humans can cause to large lakes. The sustainable
management of these ecosystems passes by scientific investigation fields such as
chemistry, microbiology, or physical dynamics. As most contaminants enter in lakes
from the shore through runoff, wastewater treatment plant effluents or diffuse sources,
Léman 21 aimed at understanding the water dynamics and contaminant transfer
processes from shallow to deep waters. Four different issues had been raised for the
global understanding on pollutants brought into mid-sized lakes by the demographic

pressure of the catchment area:

Module 1: Water dynamics and contaminant transfers from the shallow to the deep

waters of a mid-sized lake.

Module 2: The origin of micropollutants in the catchment and their transport to a mid-

sized lake.

Module 3: Micropollutant degradation in a mid-sized lake: Coupling degradation and

dilution processes with lake dynamics.

Module 4: Microbial resistance, ecotoxicological impact, and risk assessment of

micropollutants in a mid-sized lake.

These four projects helped to understand and quantify aquatic contaminants transfer

from the shoreline to deeper parts of Lake Geneva as a case study.

Contaminants in aquatic systems are often particle-bound, in particular hazardous
metals such as mercury. For this reason, within the Module 1, major processes
involving the transport of sediments from the shallow to deeper areas of the lake were
studied. Vidy Bay (near the city of Lausanne), was a suitable area of Lake Geneva to

characterize anthropogenic contaminant from the coast. Previous studies investigated
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wind, tides, and wave influences on currents of Vidy Bay (Lemmin et al., 2005;
Graf et al., 1979). In the frame of this project, numeric simulations were used to study
current influences between the main basin of Lake Geneva and Vidy Bay showing the
existence of a near-shore gyre and the limit of the bay using the zero vorticity line was
modeled (Razmi et al., 2013). Residence time was calculated using particle tracking,
providing important information about the contaminant transport. The particularity of
Vidy Bay is, that due to significant gyres, the residence time varies between 50 to 100
hours depending on wind and current regimes. Other models have been developed to
determine the fate of micropollutants in aquatic environments (such as the spreading of
the wastewater plume), but never integrating 3D-hydrodynamics with depth dependant
degradation processes. As a result of the Léman 21 project, a coupled Hydrodynamic-
Photolysis model could be used to simulate the zone of ecotoxicological risk in Vidy
Bay, which extends over 300 m horizontally from the wastewater treatment plant
(Bonvin et al., 2013). In addition, other studies pointed to a persistent loading of

particle-bound contaminants in the bay (Graham, 2015).

Heavy metals are hazardous to the aquatic ecosystem and human health. They can be
present either in organic or inorganic forms. Cadmium, copper, nickel, lead, and zinc
are toxic trace metals widely found in the environment (Wang et al., 2009). Of special
concern is mercury (Hg), a toxic trace metal which is the only one found in liquid state
at standard conditions of temperature and pressure. Hg naturally occurs in the
environment and the most common natural forms are metallic mercury, mercury salts
(mercury sulfide and mercuric chloride) and organic mercury (methylmercury). This
toxic trace element has the particularity to accumulate over time in organisms
(bioaccumulation) and along the food chain (biomagnification) when present as its
organic form, methylmercury (MeHg), causing nerve damage, muscle tremors,

distorted speech, dizziness and blurred vision and hallucinations.

The objective of this work is to determine the fate of mercury derived from the shore
as the most contaminated areas and its potential dispersal towards the deeper areas of
the lake throughout the measurements of total mercury (THg) and methylmercury

(MeHg) attached to particles.
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1.2. State of the art

Mercury is ubiquitous in the environment and is unique among metals due to its high
volatility. Natural Hg ore is found forming rocks surrounding geologically recent
volcanic activity as a toxic mercury sulfide mineral, cinnabar (HgS). Other Hg-rich
materials are often burned, as in coal combustion or waste incineration. Mercury is
released to the atmosphere as a gas either in elemental form, Hg(0), or oxidized
divalent form, Hg(Il). The oxidized form is water-soluble and usually found as HgCl»
that is promptly deposited nearby the emission source. Hg(0) is not water-soluble and
it is oxidized to Hg(II) to be deposited. This oxidation takes place in the atmosphere on
a time scale of one year, during this time the emitted Hg can be easily transported to
other areas of the world by atmospheric circulation and deposited, contributing to
global pollution problems (Minamata Convention Report). Once Hg(II) is deposited in
waters, soils and mostly in sediments, it is likely methylated monomethylmercury,
CH3Hg", which is the most toxic form of mercury, together with dimethylmercury,
(CH3)2Hg. Their thermal instability and photodegradation keep the concentrations of
both methylmercury’s (MeHg) generally low. However the degradation of aquatic
MeHg may represent a source of Hg(Il). Of major concern are Hg anthropogenic
releases, considerably raising Hg levels in the biosphere, and in terrestrial and water
systems. This accumulation is evident from sediment cores that provide historical

records of mercury deposition for the last several centuries.
The major sources of mercury in the environment can be classified into:

- Natural Hg releases to the atmosphere
- Anthropogenic Hg releases to the atmosphere

- Anthropogenic releases to aquatic systems

In this thesis, especial awareness is given to freshwater ecosystems, impacted by the

releases of dry and wet Hg depositions caused in an anthropic littoral zone.
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1.2.1. Natural releases of mercury to the atmosphere

Natural emissions of gaseous elemental mercury to the atmosphere from geogenic
releases are a continuous source of elemental Hg (80-600 t y!; Mason et al., 2012;
Ferrara et al., 2000). Biomass burning (Friedli et al., 2009), soil and vegetation,
together with oceanic evasions are the main sources of Hg to the atmosphere (Figures
1 and 2). Similarly, the majority of loads to oceans come from wet and dry
atmospheric deposition (Mason et al., 2012; Mason et al., 1994; Soerensen et al.,
2010). In lakes with high dissolved organic carbon and Hg content, evasion rates can

reach 130 ng m? d"! (Boudala et al., 2000).

| atmosphere: 5100 (300-500%) |

Net Hgo
Deposition Deposition evasion
toland/ to oceans
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600 2800
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intermediate waters: 134500 (25%)

deep waters: 221000 (11%)
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Figure 1. Main sources of mercury of the global Hg budget to the atmosphere.
Mason et al. (2012) and AMAP/UNEP (2013).

In 2000, mercury emissions (including re-emissions) from natural processes, was
estimated at 5,207 Mg y !, this is 70% of the global mercury emission budget. Oceans
were the most important sources (52%) followed by biomass burning (13%),

desert/metalliferous/non-vegetated zones (10%), tundra / grassland / savannah /
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prairie / chaparral (9%), forests 7 (%) (Figure 2). Evasion after mercury depletion
events represented 4% of the total emissions and volcanoes and geothermal areas;

agricultural areas and lakes represented 2% each.

m Oceans
Hm Lakes
m Forests

B Tundra/Grassland/Savan
nah/Prairie/Chaparra

Bl Desert/Metalliferous/Non
-vegetated zones

m Agricultural areas

v Evasion after mercury
depletion events
m Biomass burning

uVolcanoes and
geothermal areas

Figure 2. Natural releases to the atmosphere. Adapted from Pirrone et al. (2010).

Although land, water, and other surfaces can regularly re-emit mercury into the
atmosphere after its initial release into the environment, atmospheric mercury

nowadays can also be the results of reminiscences from past emission.
1.2.2. Anthropogenic Hg releases to the atmosphere

Anthropogenic Hg emissions significantly contribute to the global pool of mercury in
the environment. Different anthropogenic activities promote Hg releases due to the
ability of mercury to form amalgams; it has been largely used in gold mining activities
(37.1%) and gold production or in dental amalgams in the past. Coal combustion
(24.2%), metal production (9.9%), cement production (8.8%), waste water (4.9%), and
contaminated sites contribute (4.2%) as well to the Hg atmospheric pollution
(Figure 3). Paradoxically, mercury production “only” releases 0.6% of the total
antropogenic Hg-inputs in the atmosphere.

7
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Figure 3. Anthropogenic releases to the atmosphere.

Adapted from AMAP/UNEP (2013).

Mercury emissions are closely related to industrial and energy sources primarily
affecting the United States, Canada, Australia and EU members (AMAP/UNEP,
2013). Cremation is estimated to contribute 0.2% of the total anthropogenic emissions.
Asia 1s the region that releases the highest amount of Hg (around 500 tons in 2010)
principally through cremation from human remains. Fortunately, major emitting

countries are reducing their emanations using new mitigating policies.
1.2.3. Anthropogenic releases to the aquatic system

Large amounts of Hg can reach water systems throughout anthropogenic additions.
However, these releases are poorly reported and only past stock-take can be found.
Distribution factors have been used to estimate the releases of point source releases to
water (AMAP/UNEP, 2013). Hg releases to continental waters are mainly from non-
ferrous production industries, oil refineries, chlor-alkali plants, and other waste
activities such as wastewater treatments plants (Muller et al., 2000; Wihlborg and

8
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Danielsson, 2006; Bravo et al., 2009; Karageorgis et al., 2009). Urban Wastewater
Treatment Plants (WWTP) have historically been significant contributors of Hg to
receiving waters, however, these discharges of mercury have sharply decreased in the
last 30 years (Balogh et al.,, 1999). Although some studies focused on the
transformations of Hg within a WWTP or the effects of domestic sewage treatment on
THg and MeHg concentrations (Bodaly et al. 1998; Gbondo-Tugbawa et al. 2010),
they do not assess the impact that WWTP effluents can have on sediments or the

behaviour of mercury-bound settling particles.

Even though the volume of continental waters is small compared to the oceans,
lacustrine environment have characteristic geochemical processes (Salomons and
Forstner, 1984). Hg can be introduced in lakes either in solution or in particulate form.
The allochthonous particles will partially settle to the bottom and the dissolved Hg is
subject to removal processes such as sorption, uptake by biota and incorporation in
authigenic phases. Because natural processes occur within the aquatic ecosystems,
covering the speciation of this metal, it is important to understand mercury’s aquatic

pathways and fate.
1.2.4. Mercury global cycle

As mentioned above, Hg enters aquatic ecosystems through several ways, including
atmospheric deposition, natural runoff, point source emission from industry or
leaching from contaminated areas (Figure 4). Divalent mercury Hg(Il), from the
oxidation of volatile elemental mercury, Hg(0), in the atmosphere, reaches the aquatic
surfaces via wet or dry depositions. Once in surface water, it can be reduced to Hg(0)
through photochemical processes (Fitzgerald et al., 1991; Rolfhus and Fitzgerald,
2004). The amount of Hg(Il) reduced by this process depends on the intensity of solar
radiation received in the escosystem (Lanzillotta and Ferrara, 2001; Fantozzi et al.,
2007; O'Driscoll et al., 2007). The remaining Hg(II) within the water column likely
binds to suspended particles and then its fate depends on the particle transformation,
transport and deposition. This Hg adsorbed to particles in the sediments can be either

buried by younger sediments, and thus sediments are a sink of mercury; or resuspeded,
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in which case, sediments are a secondary source of mercury (Blasco et al., 2000; Bale,

2000, Figure 4).

” Emission Oxidation y"‘f
& Transport Hg(0) Hg(ll) >

<
Wet & Dry \ Sy
Deposition \ 4 &

Volatilization Methylation

Figure 4. Hg cycle: reactions, transformations and transfers.

Adapted from Engstrom (2007).

Inorganic Hg(Il) in sediments can be methylated, forming methylmercury (MeHg)
which is a potent neurotoxin that is biomagnified in food chains of aquatic systems and
can damage the wild life (Scheulhammer et al., 2007), depending on the concentration
and the compunds. Due to its chemical properties, Hg(Il) it forms stable complexes
with ligands such as thiols, HS", and CN" (Pearson, 1963; Hepler and Olofsson, 1975).
These complexes are important since inorganic Hg can be methylated by heterotrophic
bacteria under sub-oxic conditions. Certain microorganisms with anaerobic
metabolisms absorb Hg(II). The best suited organisms to methylate mercury are

specific strains of sulfate-reducing bacteria (SRB) (Compeau and Bartha, 1985;

10
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Gilmour and Henry, 1992; Gilmour et al., 2013; Parks et al., 2013; Podar et al., 2015)
and iron-reducing bacteria (IRB) (Fleming et al., 2006; Kerin et al., 2006; Schaefer
and Morel, 2009; Si et al., 2015) (Figure 5). To a lesser extent, methanogens and
firmicutes (Yu et al., 2013) have been also reported to methylate.

Hg(0)

Methylation
SO *
SRB

IRB

Fe3+ Fe2+

Oxidative demethylation

Figure 5. Schematic role of bacteria on Hg methylation (Yu et al., 2012).

To date, Hg-methylation is known to primarily occur at the oxic-anoxic boundary of
stratified water columns and lake sediments (Figure 4) (Malcolm et al., 2010). Only a
few works report Hg-methylation in oxygenated environments, where most of them
showed Hg-methylation in marine oxic waters (Cossa et al., 2009; Lehnherr et al.,
2011; Monperrus et al., 2007a; Sunderland et al., 2009). Only one work suggested the
possible Hg-methylation on settling particles in the lake waters (Eckley et al., 2005).

Abiotic methylation is also possible only if suitable methyl donors are present. Small
organic molecules such as methyl iodide and dimethylsulfide, and larger organic
components of dissolved organic matter such as fulvic and humic acids are thought to
produce abiotic methylmercury. Organometallic complexes such as methylcobalamin,
methyllead and methyltin compounds have also been considered to induce chemical
Hg-methylation pathways in the aquatic environment. However, these processes have

not been much described in the literature (Weber, 1993; Celo et al., 2006).

11
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Although MeHg is a stable molecule, it can be degraded producing Hg(II) or Hg(0).
The MeHg decomposition can be abiotically induced by photodegradation in the water
column (Sellers et al., 1996). On the other hand, certain microorganisms are able of
demethylate MeHg in sediments by reductive or oxidative pathways, depending on the
level of Hg contamination (Marvin-DiPasquale et al., 2000; Hines et al., 2006). The
methylated form is the main form of Hg transfer and accumulation along the food

chain.

Finally, bioaccumulation in living aquatic organisms depends on the bioavailability of
MeHg. Thus, MeHg produced in the water column is suggested to bioaccumulate in
marine food webs via direct uptake by phytoplankton and pelagic feeding, whereas
MeHg produced in sediments can be taken up through either benthic or pelagic
pathways (Mason and Lawrence, 1999; Monperrus et al., 2007b). After
bioaccumulation in fish and shellfish, MeHg can easily reach humans through seafood
consumption. A clear example of this biomagnification of MeHg along the food cahin
is the Minamata disase in 1956. More than 2,000 people were victims of MeHg
poisoning, showing ataxia, deadness in the hands and feet, general muscle weakness,
loss of peripheral vision, damage to hearing and speech and death (Minamata

Convention Report).
1.3. Research objectives and approach

The present work aims to understand contaminant behavior from the shore to the
deepest part of a mid-sized lake, using mercury released from an urban WWTP as a
tracer of contamination. This thesis, encompasses four scientific papers. The historical
evolution of lake sediment contamination resulting from the release of
industrial/domestic sewage waters is Chapter II. The interactions between
anthropogenic trace metals, lithogenic elements and organic matter in sediments
influenced by this kind of effluent, and their recovery when the harmful activity cease,

will be described.

The study presented in chapter I1I, determined the influence of THg releases from the

WWTP in different types of sediments reflecting both, sedimentological and

12
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biogeochemical processes. Surface sediments were visually described, and mercury
concentrations measured searching for correlations between sediment types. THg
partition coefficients (logK,) were studied in each type of sediment, the ratio of THg
concentrations between sediments and the pore waters. In addition, an overview of the
interaction between the Hg contamination in sediments and the filtered and non-
filtered overlying water is given. THg and MeHg concentrations measured in
overlying waters suggested that Hg in the water column is likely related to settling

particles.

Chapter IV concentrates in long-term Hg-bound suspended sediment shift trends in the
bottom boundary layer of the lake. To be able to identify THg and MeHg in vertical
and lateral transport paths from the shallow to the deep lake, sediments traps were
deployed at two sites and at two depths near Vidy Bay. Settling particles collected
over two years in sediments traps were geochemically measured and results were
compared with existing data of the center of the lake. This permitted to better constrain

the Hg pathways from the shoreline.

Chapter V provides a closer look to possible MeHg formation on settling particles
studied in chapter IV. In the light of the results of MeHg/THg ratio measured in
settling particles as a proxy for Hg-methylation, incubation experiments were carried
out. These experiments permitted a better estimation of methylation rates, which
explain the processes that occur in settling particles deposited in sediment traps during
the exposition time in the lake in comparison to sediments. Moreover, this chapter
explains the biological implication of the Hg-methylation in this environment, and

finally the possible environmental drivers of the process.

Chapter VI discuss the findings on this thesis and summarize the general conclusions

found in the studies of the different aspects discussed in each individual chapter.

This introduction provides a general view of the study while each chapter includes a

specific introduction as well as the used materials and methods.

13
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1.3.1. Study case: Vidy Bay, Lake Geneva

Lake Geneva (Switzerland-France) is a mid-sized lake at global scale, but belongs to
the large freshwater systems in Western Europe (Figure 6). It has a volume of 89 km?,
a surface area of 580.1 km?, a maximum depth of 309 m and a mean residence time of
11.3 years. Lake hydrodynamics are controlled by environmental and meteorological
conditions, along with two principal wind regimes that dominate the area (Razmi et al.,
2013). Lake Geneva has several WWTP outfalls discharge effluents along the shore
(Condamines, 2015). The WWTP of Vidy Bay is one of the most important ones and
discharges more than 100,000 m® day! of treated wastewater from the city of Lausanne
(Hoerger et al., 2014; Margot et al., 2013). Vidy Bay has been the object of several
studies pointing to its contamination by trace metals (Monna et al., 1999; Loizeau et
al., 2003; Loizeau et al., 2004; Pote et al., 2008; Thevenon et al., 2011; Bravo et al.,
2011; Masson and Tercier-Waeber, 2014, Bravo et al., 2015), organic micropollutants
(Perazzolo et al., 2010; Morasch et al., 2010; Bonvin et al., 2013) and fecal indicator
bacteria (Haller et al., 2009; Pote et al., 2009), presenting a potential ecotoxicological
risk. Some works proposed a spatial extent of the zone bearing an ecotoxicological risk
due to the spreading of the micropollutant plume from the WWTP outlet in the water
column (Bonvin et al., 2013; Razmi et al., 2014). In addition, suspended colloids and
particles at the sediment-water interface, vertical and lateral sedimentation pathways,
and hydrodynamic conditions affecting the bottom boundary layer of the bay have
been investigated (Graham, 2015). However, dynamics of a particle-bound

contaminant such as mercury was not studied yet.
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Figure 6. Location of Lake Geneva and map of Vidy Bay indicating the outfall pipe of
the WWTP is indicated. Delimitation of Vidy Bay as a function of currents, from Razmi
etal.(2013), using the Swiss coordinate system (CHI1903).
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CHAPTER II

History of contamination in the 20th century

This chapter provides a temporal high-resolution reconstruction of the contaminants in
Vidy Bay. Trace metals are good candidates for binding to particles. The historical
records of these elements and the kind of organic matter are needed to understand
geochemical interactions in sediments as a result of contamination periods. This is the

first approach to understand particle-bound behaviour in this work.
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Abstract

Toxic trace metals in lacustrine sediments are of major concern because they can be
hazardous to biota and human health. A high-resolution multiproxy study, including
trace metals, major elements, total organic carbon, mineral carbon, Hydrogen Index,
Oxygen Index, and C/N ratios, was performed on a sediment core from Vidy Bay in
Lake Geneva. This bay has been affected by hazardous compounds released via the
sewage effluent of a major wastewater treatment plant (WWTP). Anthropogenic trace
metals, such as Pb, Cd, Cu, Zn, and Hg, increased following the industrial revolution
in Europe. The highest amounts of these toxic metals, together with Ni, Cr, Co, Ag, Bi,
and Fe, were recorded in sediments from 1964, the date of the WWTP implementation.
During this period, all trace elements exceeded the sediment quality guideline
“probable concentration effect” (PEC), with the following maximum concentrations
(in mg kg'): Pb 3,977; Cd 23, Cu 1,166; Zn 8,586; Hg 11; Ni 143; Cr 265; Ag 126;
and Bi 309. The geochemistry of detrital elements (Al, Si, Ca, Ti, Zr, Rb, and Sr), as
well as S, Fe, P, and the nature and quality of organic matter were clearly also affected
by the effluent. The sedimentary record also revealed that, after some improvements in
the wastewater treatment processes and the relocation of the outlet pipe, the sediments
tended to return to concentrations similar to those prevailing before the WWTP
implementation. However, despite the reduction in the contamination load from the
WWTP, which could be reinforced with the construction of a new plant in the near
future, the sediments deposited in the Vidy Bay represent a major contaminant legacy
that constitutes a potential threat to the lake biota in the case of sediment

remobilization.

Keywords: Heavy metals, trace metals, wastewater, sediment contamination, organic

matter.
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1. Introduction

Lake sediments are archives of climatic variations and pollution in the environment.
Trace, minor and major element signals recorded in sediments allow the reconstruction
of historical events, both natural and anthropogenic in origin. Geogenic trace metals
are discharged through watershed runoff (directly or from fluvial inputs) into lakes.
Heavy metal emissions by anthropogenic activities have been shown to increase local,
regional, and global fluxes to the atmosphere since the beginning of metallurgy
(Nriagu, 1996; Vesely, 2000). Thus, trace metals are widely distributed in the
environment. Nevertheless, sewage waters and sludge directly discharged by
wastewater treatment plants (WWTP) also represent major sources of contamination in
lakes. Heavy metals accumulate in sediments via several mechanisms, such as
adsorptive attachment to fine-grained particles (Sholkovitz and Price, 1980),
precipitation of discrete metal compounds, coprecipitation of metals by Mn- and Fe-
oxyhydroxides and carbonates, and association with organic molecules (Forstner,
1982). The mobility and bioavailability of trace metals in lake sediments depend on
their speciation and stability (Calmano et al., 1993), which are controlled by chemical
conditions such as the sediment redox potential, pH, organic matter content, and Mn-
and Fe-oxyhydroxides. Sediment contamination can harm benthic infauna and
epifauna through superficial contact with polluted sediments and pore water, as well
through direct ingestion of sediments and detritus (Lawrence and Mason, 2001;
Reynoldson, 1987). Moreover, in case of sediment remobilization, trace metals are
likely released into the water column and may enter the aquatic life, which is
deleterious to organisms because they accumulate in food, leading to damage in
human organs and severe diseases (Alissa and Ferns, 2011; Hu, 2000; Ibrahim et al.,
2006). In particular, mercury is a toxic trace metal that has gradually increased in
concentration in sediments due to anthropogenic activities. Since the industrial
revolution (late 18th century), the burning of fossil fuels, nonferrous-metal industry,
wood combustion, chlor-alkali industries, and waste incineration have been the
principal sources of Hg to the atmosphere (AMAP/UNEP, 2013) and, consequently, to
the aquatic environments and soils via deposition (Wang et al., 2004) all over the

globe.

28



History of contamination in the 20th century

The present study aims to reconstruct the trace element history during the last century
in the sediments of Vidy Bay, a fresh water bay in Lake Geneva (Switzerland). Recent
sediments contain approximately fifty times more Hg and Pb than pre-industrial
sediment measured in the deepest part of the lake (Thevenon et al., 2011). This area
has been the object of several studies that found that it is the most contaminated site in
the lake due to the discharge of local WWTP effluent. Trace metal contamination (Hg,
Pb, Cd, Cu, Zn and Mn), fecal indicator bacteria activity, and antibiotic-resistant
bacteria genes in Vidy Bay sediments increased since the implementation of the
WWTP in 1964 (Loizeau et al., 2004; Monna et al., 1999; Thevenon and Pote, 2012).
Nevertheless, no detailed chronology of contamination events before and after the
WWTP outlet pipe emplacement in the bay has been conducted. Moreover, very few
published studies exist on lake sediment contaminated by urban wastewater. To start to
fill this gap, we studied anthropogenic trace element contents of Pb, Cd, Cu, Zn, Ni,
Cr, Co, Ag, Bi, Hg, S, P and Fe, the geogenic trace elements Al, Si, Ca, Ti, K, Zr, Rb,

and Sr, and organic matter in the contaminated Vidy Bay sediments.
1.1. Settings

Lake Geneva is a warm monomictic peri-alpine lake in central Europe, located at the
border between Switzerland and France (Fig. 1). It is the largest freshwater reservoir in
Western Europe, with a surface area of 580.1 km?, a volume of 89 km? and an average
depth of 152.7 m (maximum depth: 309 m). The Lake Geneva catchment area
(including the lake) is 7,999 km?, and the Rhone River is the major tributary (75% of
the total water input), with a mean inflow of 185 m? s! and a mean outflow of
250 m? s'. Complete vertical mixing does not occur every year at the end of the winter
(Loizeau and Dominik, 2005). A main drinking water pumping station is located in St.
Sulpice, approximately 4 km west of Vidy Bay. Since 1964, the bay has received
domestic and industrial sewage water from (1) the outlet pipe of a wastewater
treatment plant (WWTP), which initially discharged into the lake 300 m distance from
shore and at 12 m depth; (2) the Flon River, which collects surface water and
wastewater from the west side of the city during floods (when discharge is greater than

4 -5 m? s!') and discharges through a pipe at 12 m depth; and (3) the Chamberonne
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River, which drains the watershed and also carries some urban runoff (Thevenon et al.,
2011). The sewer system is only partially separated and collects a significant amount
of urban runoff during rain events. The WWTP was conceived for 220,000 equivalent
inhabitants and treats 1 - 3 m® s™! of wastewater. The wastewater treatment consists of
pre-treatments (grit removal and screening at 1 cm), primary clarifiers, biologically
activated sludge treatment without nitrification, or, for 5% of the flow, a moving bed
bioreactor (MBBR) with partial to complete nitrification (<1 mg N-NH4 L™') (Margot
etal., 2013).

)

E L s00m |

Fnrmsrh'l.l".-'l.l'TF' uutla1 d |

| - e

3

=4

_I" —

B
GDE! .
. |' e
e .
A~ WWTF" Uutlel
N e,
RN A M0 —0 |
\ -.__. '.I L S -
~— s A _——" ____[hs51000
W N\ LI\ sw—r  — ]
. N[
L _.-/ e —— -,
AN S —__
L-..\ "\..\ ", ___/'/ — 00— ‘\.___L_ _—
S * 4
v - [Lake Geneva
\:._._"‘-.h__ B =0} - '-.___:'\. e -\_-
* };:_-:\H:'_ _/-—- el el W T o,

Figure. 1. Location of Vidy Bay shown on a bathymetric map of the study area in Lake

Geneva. EGD3 represents the site were the studied sediment core was retrieved.

1.2. Important dates for the WWTP

Since the late 1960s, the lake has featured meso-eutrophic conditions (Lang, 1985;
Monod, 1983). For that reason, in 1971, ferric chloride (FeCls) was used to precipitate
and eliminate the phosphorous present in wastewater as a measure to reduce the P load

in the lake. The WWTP was extended in 1976, introducing a physico-chemical
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treatment that increased the water treatment capacity by 1 m?® s!. A second chain of
sludge incineration was put into operation in 1979. In 2001, the outlet pipe was
extended to the present location, 700 m from shore and at 35 m depth (Fig. 1). A
specific treatment of greasy residues was introduced in 2002 and new chemical
deodorization washing facilities were introduced to complement the existing
equipment in 2003. In 2005, road bag treatments began using filtering dumpsters.
Finally, in September 2008, the new boiler furnace #2 started functioning, increasing
the daily tonnage of incinerated sludge in Vidy. The Vidy WWTP facilities do not
meet current standards in terms of the quality of the releases (Préavis N° 2010/65,
2010). Vidy Bay remains the most contaminated area in Lake Geneva because the
WWTP effluent still contains pollutants that settle to surface sediments, such as Hg
and other trace metals, fecal indicator bacteria and organic matter (Czekalski et al.,
2014; Gascon Diez et al., 2014; Masson and Tercier-Waeber, 2014; Sauvain et al.,
2014).

2. Materials and methods
2.1. Sampling and subsampling

A 103-cm-long sediment core (EGD3) was retrieved from a depth of 21 m on October
2010 between the current WWTP outlet and the old outlet (6°35°17.97 E,
46°30°48.30°" N; Fig. 1) using a polyvinyl chloride liner in a UWITEC gravity corer

and weight hammering while aboard the “La Licorne” scientific vessel.

2.2. Volume magnetic susceptibility, freeze-drying and sediment grain size

distribution

A Volume Magnetic Susceptibility (VMS) profile was determined using a MS2
susceptibility meter (Bartington Instruments, England) at 1-cm resolution. Afterwards,
the core was split lengthwise, photographed, sedimentologically described and
subsampled down-core with 1-cm resolution. Particle grain size distributions were
determined on wet sediments using a laser diffraction Coulter LS-100 analyzer

following the procedure described by Loizeau et al. (1994). Sediments were freeze-
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dried in a CHRIST BETA 1-8 K freeze-drying unit (-54 °C, 6 Pa) for a minimum of

48h. Dry samples were ground and homogenized with an agate mortar.
2.3. Dating

The age depth model was obtained by radiometric dating ('*’Cs and "Be) using a
HPGe well gamma spectrometer (Ortec EG&G). Five time markers were used: the
first occurrence of *’Cs in 1954; two '3’Cs fallout peaks, one in 1964 (atmospheric
nuclear weapon testing) and one in 1986 (the Chernobyl accident); the VMS maximum
gradient in 1971 (Loizeau et al., 2003); and the surface sediment in 2010. Water
content measurements and porosity calculations (Hankanson and Jansson, 1983) were
necessary to estimate the in situ density of dry particles to obtain the mass of
accumulated sediment per centimeter. The depth scale was converted to a mass scale

to calculate sediment accumulation rates (SAR) [g cm™ y!].
2.4. Total organic carbon, mineral carbon, Hydrogen Index and Oxygen Index

Characterization and quantification of the organic matter were performed on powdered
bulk sediment at the Institute of Earth Sciences at the University of Lausanne using
Rock-Eval 6 following the method described by (Behar et al., 2001; Espitalie et al.,
1985a; Espitalie et al., 1985b). The samples were placed in an oven and first heated to
300°C under an inert atmosphere then gradually pyrolyzed to 650 °C. After complete
pyrolysis, samples were transferred into another oven and gradually heated to 850 °C
in the presence of air. The determined parameters were total organic carbon (TOC),
the Hydrogen Index (HI as mg HC g'! TOC) and the Oxygen Index (OI as mg CO; g!
TOC), which permit an overall characterization of the sedimentary organic matter. The
HI and OI values are proportional to the H/C and O/C ratios of the organic matter,
respectively, and can be used for OM classification in Van Krevelen-like diagrams

(Espitalie et al., 1985a).

The standard used was IFP 160000 Rock-Eval, and the analyses were carried out on
50 - 100 mg of powdered dry sediment under standard conditions. Analytical precision
was higher than 0.05 wt.% (1c) for TOC, 10 mg HC g!' TOC (o) for HI, and 10 mg
CO2 g TOC (1) for OI.
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2.5. Total nitrogen analysis

Total nitrogen concentration (% N) was analyzed in a CHN Elemental Analyzer (Carlo
Erba Flash EA 1112 CHNS/MAS200) using approximately 10 mg of dry powdered
sediment. The carbon/nitrogen (C/N) ratio was calculated as the weight ratio of the
total organic carbon measured by the Rock-Eval pyrolysis (see above) and the N
content analyzed by the CHN Elemental Analyzer. The precision was better than 1%

based on an internal standard and replicate samples.
2.6. Mercury analyses

Total mercury was analyzed by Cold Vapor Atomic Absorption Spectrophotometry
(CV-AAS) using an Advance Mercury Analyzer (Model AMA 254, Altec, Czech
Republic) through dry mineralization and pre-concentration of Hg and amalgamation
on a gold trap (Szakova et al., 2004). All analyses were run in triplicate. The detection
limit and working range were 0.01 ng and 0.05-600 ng, respectively. The relative error
was usually + 5% and always less than 10% (Roos-Barraclough et al., 2002). The
concentrations obtained for repeated analyses of the certified reference material never
exceeded the specified range of concentrations given for the MESS-3 reference

material (National Research Council Canada).
2.7. Trace elements

Two analytical techniques were used to measure trace element concentrations. The
first one is a quantitative method. Quadrupole-based inductively coupled plasma mass
spectrometry (ICP-MS, model 7700 series, Agilent) was performed following
sediment digestion in Teflon bombs heated to 150°C in analytical grade 2 M HNO:s.
Multi-element standard solutions of different concentrations (0, 0.02, 1, 5, 20, 100 and
200 pg L) were used for calibration. The total variation coefficients for triplicate
sample measurements were less than 10%. The metal concentrations in the sediments
are expressed in mg kg! of dry weight sediment. The ICP-MS measurements were
carried out with 1-cm resolution. The second technique is based on X-ray fluorescence
(XRF) element scanning using a model AVAATECH XRF core scanner (2000 A,

10-30 kV and 20-50 s measuring time) that measured every 2 mm. Core images were
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obtained using a high-resolution AVAATECH core scanner coupled camera. It is
helpful to combine these two analytical techniques. On one hand, XRF is a
higher-resolution, non-destructive technique but provides only semiquantitative
geochemical information and measurements can be biased by humidity, porosity and
particle grain size within the sediment (Hennekam and de Lange, 2012; Tjallingii et
al., 2007). On the other hand, ICP-MS provides quantitative results, permitting more
precise analysis of certain elements. As the resolutions employed were different for
each technique, the XRF data were averaged every five measurements to compare the

results from both instruments.
2.8. Enrichment factor calculations

Enrichment factors (EFs) are commonly used to identify and quantify human
interference in natural element cycles. It has been shown that normalizing data with
the average crustal value can be erroneous (Reimann and De Caritat, 2000; Reimann
and de Caritat, 2005). A better approach is to use local non-contaminated sediments as
a reference of pre-industrial conditions (Angelidis and Aloupi, 1995; Kersten and
Smedes, 2002). In this study, EFs have been calculated and normalized using the
average concentration of the bottommost 10 cm of the sediment core. These sediments
were clearly weakly affected by human contamination because concentrations were
very similar to the natural background reference values for Lake Geneva (Arbouille et

al., 1988):

M
cm /Ticm

= Mpottom
/Tibottom

EF

(1)

where M., 1s the metal concentration for each centimeter of the sediment core; Ticn 18
the concentration of titanium at that cm; and Mponom and Tiponom are the average metal
and titanium concentrations, respectively, in the bottommost 10 cm of the core

(94 - 103 cm).

All the anthropogenic trace elements were normalized to the conservative geogenic
element Ti to confirm that the changes in concentrations of anthropogenic metals were

not due to geogenic input variations.
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2.9. Statistics

The data were statistically described using SigmaPlot 11.0 software. The data were not
normally distributed; therefore, correlation coefficients were calculated using the
Spearman rank order method. A statistical treatment of the geochemical dataset
(Principal Component Analyses) was carried out using SPSS Statistics 23 software to
investigate the end members that can help to infer the main environmental processes
controlling sediment deposition (Corella et al., 2011a; Corella et al., 2011b; Giralt et
al., 2008).

3. Results
3.1. Stratigraphic units

Stratigraphic units were defined according to visual variations in color, grain size,
TOC, mineral carbon (MinC), HI and OI), water content, and C/N ratio (Fig. 2a). The
sedimentary sequence was therefore divided into 5 main stratigraphic units, from the

bottom to the top of the core:
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Figure 2a. From left to right: EGD3 core image; sedimentary units; grain size and
water content; TOC: total organic carbon and MinC: mineral carbon; OI: Oxygen

index and HI: Hydrogen index; and C/N ratio.
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Figure 2b. The age-depth model based on '3’Cs radiometric dating and Volume
Magnetic Susceptibility (VMS).

Unit I (103 - 94 cm) was composed of homogeneous light-brown organic-rich silts
(TOC ~6% and of MinC ~3.20%). The OI values were the highest of the entire core
(~204 mg CO, g! TOC), and the HI and C/N exhibited low values in this unit
(~145 mg HC g TOC; C/N ~7-9).

Unit I (94 - 60 cm) was composed of plain dark brown silts (average TOC values
approximately 2.1% and MinC of ~3.23%). In this unit, the HI showed an increasing
trend at the top of the unit, while the OI decreased progressively. The C/N ratios were

overall similar to unit I, although with greater variability.

Unit III was the thickest unit (60 - 10 cm) and was composed predominantly of black
sandy silts punctuated by thin brown organic-rich layers. The TOC content reached the
highest values (~10%) in this unit, while the MinC values were the lowest (~2%) for
the entire core. The Ol values decreased dramatically on average from 177 in unit II to
99 OI mg COz g-1 TOC in unit III, with the lowest OI values at 56 - 53 cm. In
contrast, the HI values increased progressively from 203 in unit II to 426 mg HC g-1
TOC in this unit, with maximum HI values observed at 55 - 53 cm. The C/N ratio was

higher than those of units I and II (average value 9.5).

37



History of contamination in the 20th century

Unit IV (10 - 5 cm) was composed of dark brown silty sands. In this unit, the water
content (50%) and TOC values (2.7%) were similar to unit II, and the TOC value was
approximately half that measured in unit III. The MinC average values were similar to

those in unit III (2.70%). The C/N average values were the highest in this unit (~11).

Finally, unit V, the uppermost sediments (from 5 cm to surface) featured light brown
silts, with 73% silt, a water content of 50%, and 2.3% TOC (average values). The
MinC increased again at the surface (uppermost cm), reaching a value of 3.2%. The HI
and OI values continued to decrease and increase, respectively, without reaching the

initial values recorded in unit I. The C/N ratio was low.
3.2. Age model

The chronology of the Vidy Bay sequence was based on '*’Cs and VMS dating. Two
activity peaks were detected in the '3’Cs profile, reaching 121 and 231 Bq kg! at 61
and 29 cm depth, respectively (Fig. 2b). These two peaks corresponded to the
maximum '3’Cs deposition from radioactive fallout from nuclear weapon tests in the
atmosphere (1963/64) and the Chernobyl accident (1986), respectively, allowing
absolute dates to be assigned (Appleby, 2001). We also considered the first traces of
37Cs deposition in 1954 for the age model. The first maximum gradient observed in
VMS profile (Fig. 2b) is a reliable chronological marker because it corresponded to the
implementation of the FeCl; treatment in the WWTP in 1971 (Loizeau et al., 2003).
The detection of 'Be in the uppermost samples suggests that the water-sediment
interface was preserved in the sediment core. The age model was based on the linear
interpolation between these five tie points. Based on the sharp water content and grain
size changes in unit IV (Fig. 2a), we assumed that the sediment deposited in
centimeters 5 to 10 corresponded to resuspended or deposited particles from the
transfer work of the WWTP outlet pipe, corresponding to the year 2001. Considering
all this, the age model that we propose features four different SARs: in the 1954 - 1964
section, the SAR was 0.68 = 0.13 g cm™ y'!; in the 1964 - 1986 section, the SAR was
0.64 +0.04 g cm™ y!; in the 1986 - 2001 section, the SAR was 0.66 + 0.08 g cm™2 y'!;
and in the 2001 - 2010 section, the SAR was 0.33 + 0.07 g cm™ y! (Fig. 2b). From
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extrapolation of the older SAR, the bottom of the sediment core is estimated to

correspond to 1915.

Following the age model, unit I (103 - 94 cm) corresponded to years ~1915 to ~1929;
unit IT (94 - 60 cm) to years ~1929 to 1964; unit III (60 - 10 cm) to years 1964 to
2001; unit IV (10 - 5 cm) to 2001; and unit I (5 - 0 cm) to between 2001 and 2010.
However, the dating corresponding to the bottom ~10 cm is doubtful due to the lack of
time markers older than 1954. Moreover, the sharp transition in water content between
unit [ and unit II (Fig. 2a) may suggest a sediment hiatus between these two units. For
the purpose of this study, this uncertainty is not an issue because this section clearly
remains at background levels with respect to Lake Geneva sediment contamination,

and no detailed discussion focuses on this time period in the sediment core.
3.3. Geochemistry

A principal component analysis (PCA) carried out using the large geochemical dataset
(21 variables) shows the multi-element relationships related to the main environmental
conditions (Fig. 3). The two first eigenvectors of the PCA accounted for 71% of the
total variance. The first eigenvector (PCAT1) represented 52% of the total variance, and
it was mainly controlled by anthropogenic-related elements (Cu, Bi, Zn, Cr, Co, Ni,
Pb, N1, Cd, Ag, Fe, Hg and P) at the positive end (Fig. 3). TOC was related to these
elements because organic matter favors adsorption of trace metals (Tribovillard et al.,
2006). PCA1 (Fig.5) displayed low values between 1915 and 1929 (unit I) and
increased slightly from 1929 to 1964 (unit II). The highest values were recorded
between 1964 and 1979, the base of unit III, and values progressively decreased
towards the top of the unit, resulting in low values since 2001 (units IV and V). The
second eigenvector (PCA2, 19% of the total variance) was characterized by geogenic
elements, i.e., Ca, Sr Ti, Si, Rb, K and Al (Fig. 3). It showed high variability related to
sewage water inputs, exhibited an overall decreasing trend since between 1929 and

2001 (units II and III), and featured an abrupt increase since 2001 (units IV and V).
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Figure 3. Principal Component Analysis (PCA) with XRF-normalized data for
lithological elements and ICP-MS-normalized data for trace metals. TOC is also taken

in account.

3.3.1. Geogenic elements

Depth profiles for all geogenic elements were measured using the XRF technique
(Fig. 4), and some were also measured via ICP-MS. The elements measured by the
two techniques showed similar patterns (Fig. S1 in supplementary material), and the
large variations were comparable for both methods. However, high-frequency
variations were not correlated. Typical geogenic element values were normalized with
Ti (Fig. 4). Some trace-elements (Zr, Rb and Sr) exhibited significant fluctuations
between ca. 10 and 20 cm. Major elements, such as Al, Si and K, showed similar
trends, with the highest values in units I, IT and V. The Ca/Ti profile did not show any

particular trend. Zr and Sr were detrital elements, and the normalized values of these
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elements were quite constant throughout the sediment core, excluding the disturbance
at the top of unit III. Rb/Ti values were constant in units I and II, whereas Zr and Sr

slightly decreased along with Al, Si and K from ca. 60 cm (Fig. 4).

2010

g . 2001

Depth [cm]

r 1964

\‘:.
I 1929

5
20 1 1 1 1
40 1 1 1 1
60 1 1 1 ]
80 1 1 1 1 1
100 ] ] i IR SN I S L 1915

T T T T T T T T T T T T T T T T T T
DSk 9P L o H AN & N o N N
v ¥ o ¥ o? vo® RN NN SN A S S Yo

i

SifTi AllTi K/Ti Rb/Ti Zr/Ti Sr/Ti CalTi PCA2

Figure 4. Geogenic elements measured using X-ray fluorescence (XRF) and
normalized relative to Ti. PCA2 represents the lithological input. Horizontal short

gray dashes represent the limits between lithological units I to V from bottom to top.

3.3.2. Anthropogenic trace elements

The concentration profiles of Pb, Cu, Zn, Cd, N1, Cr, Co, Ag, Bi, Hg, Fe, P, and S are
shown in Fig. 5, and the data are described in Table 1 by stratigraphic unit.
Considering that the aim of this study was to highlight the direct impact of the WWTP
in sediments, the non-normalized data faithfully reflected the contamination of heavy
metals in the sediment. The trends in anthropogenic trace metal concentrations
measured by either XRF or ICP-MS were similar. However, only the ICP-MS data are
shown in Fig. 5 because this technique provided data on a longer list of trace metals.
Some metals presented similar behavior along the sediment core; consequently, they
are described together. Pb, Cd, Cu and Zn showed the lowest values in unit I
(1915 - 1929 ca.), followed by a progressive increase in unit II (Fig. 5 and table 1).

The highest values occurred in 1964 and 1979. Since 1979, concentrations of these
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elements decreased gradually, reaching values similar to those observed before 1964 in
unit IV (2001). The Ni, Cr, and Co concentration profiles differed from the four
previously described. Although Ni, Cr, and Co also reached the highest values in unit
I11, their general increase was more gradual. Recent values have decreased, reaching
levels similar to the oldest concentrations in ~1979. The Ag and Bi concentrations did
not show any increasing trend until 62 cm (~1964), where they increased dramatically
(Fig. 5 and Table 1). High concentrations were observed over a longer time interval in
the Ag profile than in the Bi profile, although in both profiles, recent sediments also
approached initial values. The Hg concentration in the sediment core did not closely
follow the same trend as the other trace metals. In unit I, Hg concentrations were 10
times lower than the current concentration (top of the sediment core) (Table 1). Up to
63 cm, the concentration gradually increased, following a trend similar to those of Pb,
Cd, Cu, and Zn. Before 1964, the sediments were already contaminated, with
2.6 mg kg™! of Hg, rising to 4.6 mg kg'! in 1964. Then, these concentrations remained
quite stable with small-scale fluctuations up to 33 cm. The highest Hg value was
observed at 32 cm (1986), whereas the other metals did not peak at this depth (Fig. 5).
Since the 1990s, the concentration of Hg has gradually decreased. Fe concentrations in
the sediments of Vidy Bay recorded different events than the other metals. No increase
in Fe was observed from the bottom of the core, 1915 ca., up to 53 cm. Between 53
and 55 cm (1971), Fe concentration suddenly increased, reaching its highest values

(Fig. 5). Finally, S exhibited a slight increase from 60 cm up to the top of unit IV.
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Figure 5. Trace metals in mg kg™ (analyzed by ICP-MS); Hg in mg kg (analyzed by
CV-AAS); and S and P in cps (analyzed by XRF). Horizontal short gray dashes

represent the limits between stratigraphic units I to V from bottom to top. Vertical

dotted gray lines represent the probable effect concentration (PEC) for each element

(MacDonald et al., 2000).
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Table 1. Mean metal concentrations + standard error and the concentration ranges

per stratigraphic unit.

e Pb Cu Zn Cd Ni Cr Co Ag Bi Hg Fe
nis
(mgkg") (mgkg!) (mgkg!) (mgkg!) (mgkg') (mgkg') (mgkg") (mgkg") (mgkg")  (mgkg”) (mgkg™)
v mean 140+ 18 634 200+ 12 0.75+0.08 55+3 245+09 114+04 23+05 16+0.1 0.21+0.04 24903 + 806
range 118 -160 53-76 175-234 0.50-0.94 49 - 66 219-264 10.1-126 12-35 12-241 0.12-0.32 22431-27367
v mean 235+6 95+5 679+ 197 1.42+0.09 50+ 4 231 92+0.1 8.1+0.6 28+0.2 0.84+0.09 22916 + 304
range 222-253 83-110 279-1348 1.17-1.75 45 -65 18-25 89-97 5.7-9.0 24-38 0.66-1.12 21904 - 23662
n mean 1913+155 469+40 2579+246 116+0.9 83+4 104+ 8 11.7+04 76t 4 99+ 14 42+03 38231+ 1753
range 236-3977 99-1166 543-8586 1.3-23.2 45 - 226 24 -265 85-19.5 8-126 2-309 12-114 20374 -61856
" mean 351 +49 212 1588 + 201 22+03 71+2 56+4 127+0.1 4+1 13+4 0.65+0.08 24570+ 251
range 1702 -1621 21-459 247 - 3972 04-89 51-93 28-114 10.2-14.1 0.3-33 0.7-134 0.09-2.66 20811-27153
i mean 734 227+04 304+10 045+0.08 56.0+0.6 281 114+£0.2 12+05 0.75+0.04 0.059+0.005 22600 + 328
range 63-97 21-24 242-347 0.32-1.07 53-58 23-33 10.8-12.1 02-46 0.63-0.98 0.040-0.087 20992 - 22556

The calculated EF for each anthropogenic trace metal (Pb, Cu, Zn Cd, Ni, Cr, Co, Ag,

Bi, Hg and Fe) is presented in Fig. 6. Unit V (uppermost sediments) was the least

enriched metal interval, corresponding to the reference value (unit I). In unit II, the

EFs were slightly higher for all metals, excluding Ag and Bi. Unit III was the most

enriched interval for all metals, which is consistent with the results of the metal

concentrations (Table 1, Fig. 6). Compared to other metals, Cr, Co, and Fe EFs

increased most slightly later at 52 - 53 cm. Unit IV exhibited lower metal EFs than in

unit III. Generally, the mean EFs values metals between units I, I and V did not vary

considerably (Fig. 6).
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Figure 6. Enrichment factor (EF) profiles of anthropogenic elements. Horizontal short

gray dashes represents the limits between stratigraphic units I to V from bottom to top.

4. Discussion
4.1. Physico-chemical parameters

Grain size profiles showed finer sediments in units I and II (Fig. 2a) corresponding to
the uncontaminated sediments. From 1929 to 1934 (the base of unit II), the grain size
was finer than all of unit I. In addition, the water and TOC contents decreased abruptly
during these years, which coincided with the boundary between units I and II. The
sudden decrease in these physico-chemical parameters therefore suggested a possible
hiatus (at 90 - 94 cm), likely due to erosion due to underflows and mass movement

processes, which are recorded in the distal basin (Kremer et al., 2015).

The WWTP contributed to the increase in sand-sized particles in Vidy Bay, with
maximum sand values reported between 1964 and 2001 (units III and IV). However, in
the measurements made using the Coulter LS100, it is not possible to distinguish
between organic and inorganic coarse particles because both are classed as sand sized
(Loizeau et al., 1994). Thus, it is likely that in unit III, the particles classified as sand
sized, were a mixture of inorganic sand particles and organic matter. The coeval
increase in TOC may confirm this assumption (Fig. 2a). However, coarse grains were

observed in unit IV. The TOC and grain-size relationship was not present between
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2001 and 2010 (unit IV). Therefore, we assume that the sandy silts deposited in unit

IV were related to the WWTP outlet pipe relocation work.
4.2. Total organic carbon and mineral carbon

Maximum MinC concentrations characterized the base of the sediment core (unit 1),
reflecting endogenic calcite precipitation and detrital carbonates from the catchment
basin. The TOC expelled by the WWTP gained importance over MinC starting in 1964
in the bay. The TOC amounts measured in recent sediments (units IV and V) were
slightly above the initial values found in units I and II (higher MinC and lower TOC
than unit III) as a result of the relocation of the WWTP outlet pipe.

4.3. Hydrogen Index, Oxygen Index and C/N ratio

Units [ and II were characterized by high OI values and low HI values, indicating that
sediments were dominated by allochthonous terrestrial organic matter (Ariztegui et al.,
2001; Jaccard et al., 2009; Montero-Serrano et al., 2015; Steinmann et al., 2003). Such
inverse HI and OI trends were also observed in the most recent sediments (units IV
and V). However, in Vidy Bay and since 1964 (base of unit III), the inverse HI and OI
tendencies have behaved similar to autochthonous (algal) material. However, it is not
likely that this signal results from a sudden and massive increase in productivity due to
the nutrient load but rather to the settling of organic-rich particles released by the
WWTP. Similar HI and OI behavior in sludge deposit sediments has been observed in
the Mediterranean Sea as a product of sewage discharges (Kruge et al., 2010). Unit V
(Fig. 2a) showed the recovery of the sediment through increasing values of HI and
decreasing values of OI toward values similar to those of natural sediments. However,
the HI/OI values measured in this unit (Fig. 7) fall in-between the algal and terrestrial
endmembers, suggesting higher productivity in the recent sediments than those
deposited before 1964. The C/N ratio in unit III featured somewhat higher values than
in units [, IT and V (Fig. 2a), which would indicate increased terrestrial organic matter
input, thus contradicting a priori the HI and OI results. However, as explained by
Tyson (1995), the slightly more terrestrial appearance of the organic matter in unit III,

as suggested by the C/N ratio, is due to the particular location of these sediments, i.e.,
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close to the WWTP outlet pipe. Therefore, they are affected by degraded organic

matter released by the sewage effluent.
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Figure 7. Hydrogen index (HI) versus oxygen index (Ol) for all samples of EGD3.

Double-headed arrows indicate the organic matter trends as discussed in the text.

4.4. Detrital composition of the sediment

The detrital elements showed, overall, a similar trend, with a large variability between
1915 and 1964 likely explained by flood-related runoff events in the watershed. These
elements show a clear decrease since the WWTP implementation. The WWTP
gathered up the urban runoff containing different substances and released them after
treatment into the lake, likely changing the natural processes delivering sediment into
the lake. Near 40 cm (1979), some sort of improvement in the WWTP likely helped

return the natural values of Si, Al, K, and Rb to values similar to those before the
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implementation of the WWTP (Fig. 4). Zr shows a distinct evolution from the rest of
the clastic elements. A likely explanation is that this element is generally related to
resistant minerals and increases in coarse-grained minerals (unit IV) (Corella et al.,
2014; Cuven et al., 2010) likely deposited in Vidy Bay and during the WWTP outlet
pipe relocation work. The Ca/Ti and St/Ti ratios do not exactly follow the same trend
as the other elements because they are related to detrital carbonate transported to the

lake by runoff processes and endogenic calcite precipitation.
4.5. Historical reconstruction of pollutants in Vidy Bay in the 20th century

The probable effect concentration (PEC) is consensus-based sediment quality
guideline (SQG) that provides a reliable basis for assessing sediment quality
conditions in freshwater ecosystems (MacDonald et al., 2000). These values provide a
basis for predicting sediment toxicity. Prior to ca. 1930 (unit I), the sediments have the
lowest concentrations of all the anthropogenic trace metals, which were always below
the PEC values (Fig. 5). After this period, the sediments featured a slow increase in
some trace metal concentrations (Pb, Cd, Cu, Zn and Hg), coinciding with intensified
industrial activities. Following World War I, coal combustion and heavy metal ore
smelting released particulate contamination into the atmosphere, and this
contamination was subsequently deposited in bodies of freshwater. In particular, Cu
and Zn experienced a significant increase in concentration starting in ca. 1946
(ca. 80 cm) and exceeded the PEC values (Fig. 5). In particular, increased Cu (Fig. 4)
could be linked to copper-based fungicides used in Swiss vineyards
(Daouk et al., 2015). The Pb, Cd, Cu, Zn and Hg concentrations increased significantly
enhanced in 1964 due to the implementation of the WWTP in Vidy Bay (Fig. 5,
Table 1). Most of the trace metal concentrations studied in the present work (for which
a PEC value exists) exceeded the PEC threshold in unit III (Fig. 5). Although, Co
concentrations did not appear to be much affected by the WWTP (Fig. 4), the EF

calculated for this metal (Fig. 5) showed a clear contamination a few years after 1964.

The maximum values in this contaminated unit were (in mg kg!' dry weight) as
follows: Pb 3,977; Cd 23, Cu 1,166; Zn 8,586; Hg 11, Ni 143, and Cr 265. To our

knowledge, Vidy Bay is one of the few reported lacustrine sites where such a
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contamination history is recorded in the sediment. To compare and discuss our results,
we have chosen other water bodies polluted with trace toxic metals from sources other
than municipal wastewater treatment plants. The Malter Reservoir, located close to a
mining and industrial area in Germany, contains lower concentrations (in mg kg!) of
Pb (740), Cu (240), and Zn (1,900) (Muller et al., 2000) than Vidy Bay. The mean EFs
in sediments of Vidy Bay during the most contaminated period (Fig. 5) were close to
those of Malter Reservoir for Co and Pb. In contrast, Cu was 3 to 4 times greater in
Vidy than in this mining area, and Cd was lower than in Malter Reservoir
(Muller et al., 2000). Compared to sediments that received urban effluents in Rhodes
Harbour, Greece (Angelidis and Aloupi, 1995), the mean EFs of Cd, Cr, Cu, Fe, Pb
and Zn in the Vidy Bay sediments deposited during the period when the WWTP
effluent was directly influencing the sediments (unit III) (Fig. 6) are much higher than
those found by Angelidis and Aloupi (1995). The maximum EF values (Fig. 6) were
extremely high compared to other study areas, such as Koumoundourou Lake, Greece
(Karageorgis et al., 2009). After reaching the maximum concentrations and EF values,
the release of heavy metals and other compounds has progressively decreased from
35-37 cm (1982 - 1983) to the present. The general reduction of global atmospheric,
industrial and domestic emissions of trace metals during the last decades is reflected
by a drop in all the heavy metals shown in Fig. 5. In 2010, after the return to 1964
conditions resulting from the relocation of the WWTP outlet pipe in 2001, the Vidy
Bay surface sediments exhibit lower amounts of metals than in the underlying unit III
(e.g., Pb, 157 mg kg'; Cu, 76 mg kg'!; Zn, 234 mg kg!' and Cd, 0.94 mg kg™).
However, the concentrations in unit V were still higher than the reference values of the

lake (Pb 30, Cu 30, Zn 60 and Cd 0.2 mg kg™'; Arbouille et al. (1988)).

The Ag and Bi concentration and EF profiles (Figs. 5 and 6) are directly related to the
WWTP effluent and unrelated to any atmospheric release by regional human activities
at the beginning on the century. Therefore, their origin was not analogous. The Ag
contamination in the Vidy Bay is related to waste produced by the Kodak S.A.
photograph industry, established in Lausanne and connected to the WWTP in 1963.
Although the EF in this period (Fig. 5) is similar to the Ag EF reported in Malter

Reservoir sediments (Muller et al., 2000), the maximum Ag concentration measured in

49



History of contamination in the 20th century

Vidy Bay reached 126 mg kg, almost 5 times larger than in Malter Reservoir
(Muller et al., 2000). Kodak S.A. was expanded in 1986, which matched a second peak
in Ag concentrations (104 mg kg!) located at 28 - 29 cm depth. Bi is a heavy metal
with a provenance that remains unclear. Ferrari et al. (2000) and Karlsson et al. (2007)
carried out studies on natural and anthropogenic atmospheric sources of Bi. This trace
metal is found in WWTP sludge in different countries (Amneklev et al., 2015b;
Fuerhacker et al., 2001). However, only a few studies have focused on Bi from sewage
sludge in lakes. Bismuth is increasingly used as a substitute for Pb because Bi is
generally considered a nontoxic heavy metal and therefore more frequently utilized.
Household products, such as cosmetics and plastics, as well as industries and, to a
lesser extent, hospitals are found to be the major contributors of Bi to WWTPs
(Amneklev et al., 2015a; Amneklev et al., 2015b; Fuerhacker et al., 2001). Twelve
municipalities with several industries related to the pharmaceutical industry, human
health activities and chemical product manufacturing are connected to the Vidy
WWTP. Thus, the high levels of Bi found in the Vidy Bay sediments coinciding with
the implementation of the WWTP and the absence of this metal during the previous
decades (Fig. 4) could be explained by the use of this element by the industries and
domestic wastes of the Swiss municipalities connected to the WWTP. Indeed, Bi
concentrations reached an extremely high value of 309 mg kg! compared to the
37 mg kg™! present in the Malter Reservoir (Muller et al., 2000). Additionally, the Bi
EF reached 768 in Vidy Bay, whereas the maximum value was approximately 100 in

Malter Reservorir.

The decrease in trace metal concentrations from the late 1970s was likely due to the
improvements in the efficiency of the WWTP, such as the introduction of a physic-
chemical treatment that significantly increased the water treatment capacity (details in

section 1.2. in this paper)

The effect of mercury emissions started to be evident in sediments dated to the 1920s
(Fig. 4). Later on, since 1964, an important increase in Hg occurred in Vidy Bay.
Local chemical and pharmaceutical industries developed products containing Hg

(antifungal pesticides, antibacterial mercurochrome® and vaccines) (Ball et al., 2001;
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Deflora et al., 1994; Mukherjee et al., 2004). These products were the main Hg sources
to the WWTP, and Hg was subsequently released into the bay. However, contrary to
the other heavy metals in this study, the maximum Hg concentration of 11 mg kg! was
observed between 28 and 35 cm, which correspond to the years 1982 and 1986. This
value is the highest concentration of Hg ever found in Lake Geneva and is 300 times
higher than the lake sediment background level (Arbouille et al., 1988). This Hg
maximum did not correspond to any other measured heavy metal maximum (Fig. 4),
implying that the WWTP outflow did not increase at that time. The lack of correlation
with other metals suggests that there was some increase in the use or mercury wastes
in some industries (or hospitals) during these years. This is of major concern because
slope instabilities have already been recorded in the sediments of Lake Geneva
(Kremer et al., 2014). In case of mass movements, the contaminated sediments could

be resuspended, causing ecotoxicological damage to the lake ecosystem.

Fe and P concentrations reflected the water treatment history. The dephosphatation
process was introduced in 1971 in the WWTP and involved adding FeCl; to precipitate
phosphorous in the sludge and subsequently eliminating it from the sewage water. A
clear increase in P and Fe values occurred in 1971, surely related to the beginning of
the dephosphatation process (Fig. 5). This confirms that the addition of FeCls since
1971 in the WWTP processes led to enrichments in P in the sewage sludge, which was
subsequently released into the lake (see the concentrations in Table 1). An important
decrease in both Fe and P was observed during the late 1970s, which was likely due to
the use of new treatments and more efficient techniques in the WWTP. Fe and P are
thus considered anthropogenic elements. The Fe geochemistry in Vidy Bay is mainly
influenced by dissimilatory microbial iron oxide reducers that transform Fe(IIl) into
Fe(Il) (Percak-Dennett et al., 2013). The subsequent Fe(Il)-rich sediments in presence
of P involved precipitation of mineral phases, such as vivianite, or sorption of
phosphates to ferrous hydroxides. The Fe(Il)-P phases represented a significant portion
of the reactive Fe in the Vidy Bay sediments. The PCA suggests that Bi, Cu, Zn, Co,
Ni, Cr, Pb and Cd covaried in a very similar manner and exhibited a different behavior

than Fe, Ag, Hg and P.
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Finally, S is primarily bound to organic matter. Accordingly, S showed a slight
increase from 1964 on; therefore, it is considered to be linked to anthropogenic inputs.
Moreover, under anoxic conditions, S can form sulfidic compounds that act as fixative
agents for chalcophile elements, such as Zn, Cd, Cu, Cr, Hg, Ag, Bi, and Fe
(Goldschmidt, 1937).

5. Conclusions

Our multiproxy study of the sedimentary archives in Vidy Bay provides an opportunity
to investigate the evolution of sediment contamination from pre-industrial times to the
present, the environmental response to strong anthropogenic contamination and the
timing and tempo of the recovery following the perturbation. The trace metal record
(Pb, Cd, Cu, Zn and Hg) highlights the regional impact of industrial pollution starting
in ca. 1930 and the high metal contamination starting in 1964 in the sediments
surrounding the outlet pipe discharge. The parallel changes observed in grain size,
TOC, MinC, HI and OI are in agreement with the trace metal results regarding the
origin of the contamination. Some primarily detrital or authigenic elements, such as Si,
Al K, Rb, and to a lesser extent Zr and Sr, were also affected by the WWTP. The
WWTP discharges modified the OM characteristics of the sediments, producing algal-
like characteristics (e.g., higher HI values). The particular conditions created by
sewage water release entirely modified the environmental conditions of the affected
area and therefore the geochemistry of sediments, making this sedimentological
environment of special interest and incomparable to pristine lakes or lakes
contaminated by different types of sources. The long-term geochemical evolution of
both the clastic elements and trace metal pollution recorded in Vidy Bay exemplifies
the need for paleolimnological studies to further understand the environmental
consequences of human activities in lacustrine systems. This study helps to define
target limnological conditions and management strategies in aquatic ecosystems and
shows the need for high-resolution records and multiproxy studies to make correct

assessments of pollution in lake systems.
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CHAPTER III

Mercury contamination in sediments

This chapter investigates the influence of the wastewater treatment plant effluent
of Vidy Bay on surface sediments, based on mercury concentrations, color,
texture and structure. The established types of sediments in this study were
correlated to the distance of the outlet pipe and to the mercury species. This
study provides an overview of the current spatial influence of wastewater
discharges and potential contamination exchanges between the pore water and

the water column.

61






Mercury contamination in sediments

Influence of a WasteWater Treatment Plant on mercury
contamination and sediment characteristics in Vidy Bay (Lake

Geneva, Switzerland)

Elena Gascon Diez!, Andrea Garcia Bravo?, Natacha a Porta!, Matthieu Masson?, Neil

D. Graham!, Serge Stoll', Yosef Akhtman*, David Amouroux®, Jean-Luc Loizeau!

!Institut F.-A. Forel, Earth and Environmental Sciences Section, Faculty of Sciences, Route
de Suisse 10, 1290 Versoix, Switzerland and Institute for Environmental Sciences,
University of Geneva, 1211 Geneva, Switzerland

2 Limnology Department, Evolutionary Biology Centre, EBC. Norbyvigen 18D 75236,
Uppsala, Sweden

3 Department of Inorganic and Analytical Chemistry, Faculty of Sciences, University of
Geneva, Sciences II, 30 Quai E-Ansermet, 1211 Geneva, Switzerland

4 Ecole Polytechnique Fédérale de Lausanne EPFL ENAC IIE TOPO, Station 18, CH-1015
Lausanne Switzerland

3 Laboratoire de Chimie Analytique Bio-Inorganique et Environnement, IPREM UMR 5254
CNRS Université de Pau et des Pays de I’ Adour, Hélioparc , 64053 Pau, France

An article of similar form has been published. Refer to:

Gascon Diez, E., Garcia Bravo, A., A Porta, N., Masson, M., Graham, N., Stoll, S.,
Loizeau, J-L. (2013). Influence of a wastewater treatment plant on mercury
contamination and sediment characteristics in Vidy Bay (Lake Geneva, Switzerland).
Aquatic Sciences, doi:10.1007/s00027-013-0325-4

63






Mercury contamination in sediments

Abstract

Previous direct observations of the sediment surface in Vidy Bay, Lake Geneva
(Switzerland), revealed a range of sediment characteristics in terms of colour, texture
and morphology. Dives with the MIR submersibles during the ¢LEMO project
permitted the exploration of a large portion of Vidy Bay. It is the most contaminated
part of Lake Geneva, due to inputs of treated and untreated waters from a large
wastewater treatment plant (WWTP). To evaluate the influence of WWTP effluent on
mercury contamination and sediment characteristics, 14 sediment cores were retrieved
in the vicinity of the wastewater treatment plant effluent. Total mercury concentrations
in sediments ranged between 0.32 and 10.1 mg/kg. Inorganic mercury and
monomethylmercury concentrations in overlying and pore waters were also measured.
The total partition coefficients of mercury (logKg) ranged from 3.6 to 5.8. The
monomethylmercury concentration in pore waters of surface sediments was a large
proportion of the total mercury concentration (44 + 25 %). A Spearman test showed a
negative correlation between the distance to the wastewater treatment plant outlet and
the concentrations of total mercury in sediments and pore waters. Visual observations
from the submersible allowed recognizing six different types of sediment. The areal
distribution of these different sediment types clearly showed the influence of the
wastewater treatment plant outlet on the sediment surface patterns. However, no

relationship with mercury concentrations could be established.

Keywords: methylmercury, lake sediment, wastewater treatment plant, pore water
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1. Introduction

Mercury (Hg) is a global pollutant and its toxicity depends on the distribution of its
various forms (Langer et al. 2001). Monomethylmercury (MMHg) is one of the most
hazardous Hg species since it bioaccumulates in organisms and biomagnifies along the
food chain (Watras and Bloom 1992; Mason et al. 1995; Cossa et al. 2012) and it is a
neurotoxin to humans and wildlife (WHO/IPCS 1990; Clarkson 1993; Harada 1995;
Scheulhammer et al. 2007; Blank et al. 2013).

The main sources of Hg in lakes are watershed runoff and atmospheric deposits
(Fitzgerald et al. 1991). Hg in superficial waters can be either dissolved or adsorbed
onto suspended particles and organic matter (OM) in the water column. Hg is
exchanged between aquatic compartments through various physicochemical processes
such as diffusion, sedimentation, erosion, dissolution and bacterial transformation.
Therefore, Hg in the solid phase, having reached the sediments, can be buried,
resuspended, released or even methylated, making sediments a sink and a source of Hg
(Blasco et al. 2000; Bale 2000). Methylation occurs primarily, but not exclusively, in
anoxic waters and sediments (DeLaune et al. 2004). It is carried out by some species
of bacteria belonging to the groups of sulphate- (SRB) and iron-reducing bacteria
(IRB) (Compeau and Bartha 1985; Gilmour and Henry 1991; Gilmour et al. 1992; Pak
and Bartha 1998; Kerin et al. 2006; Fleming et al. 2006; Hamelin et al. 2011; Parks et
al. 2013). Geochemical parameters such as Eh, pH, nutrient availability, and
temperature as well as the concentration of inorganic and organic complexing agents

will influence the fate of the particulate Hg in aquatic systems (Ullrich et al. 2001).

Lake Geneva (Switzerland — France) is the largest freshwater lake in Western Europe
with a total volume of 89 km?®. Since the implementation of a WasteWater Treatment
Plant (WWTP) in Lausanne in 1964, its effluents have affected the sediments in Vidy
Bay. Among other pollutants, high concentrations of OM, total mercury (THg),
bacteria and trace metals have been recorded (Loizeau et al. 2004; Pardos et al. 2004;
Pote et al. 2008). Dephosphorization treatment, based on the addition of iron chloride
in the WWTP, induced the release of iron into the bay. Hg?* and MMHg have a high

tendency to form complexes, in particular with soft ligands such as sulphur and iron
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(Ullrich et al. 2001). In anoxic conditions, oxyhydroxides dissolve and release any
associated Hg. The dissolution of iron colloids, or the presence of electron-acceptors
for metal-reducing bacteria, may stimulate the release of Hg from the solid phase and,

consequently, enhance Hg methylation (Fleming et al. 20006).

As anthropogenic Hg in aquatic environments is of major concern, we focus on a
specific area of approximately 1 km? in Vidy Bay, which has already been proven to
be the most contaminated area of the lake (e.g. Pote et al. 2008). Previous direct
observations in the Bay using a submarine pointed out the presence of heterogeneous
surface sediments, characterized by marked differences in sediment colour and texture;
particularly, white, black, and greenish or brownish surface sediment had been
observed (J.-L. Loizeau, personal communication). Some of the observed physical
differences are related to the presence of a bacterial mat and likely to redox conditions;
1.e., white coatings are probably due to the presence of Beggiatoa, a genus of white,
filamentous proteobacteria (Sauvain et al. 2013, this issue). The aim of this research is
to determine if, besides the influence of the distance from the Hg source, there is any
large-scale influence of the various sediment types (reflecting both sedimentological
and biogeochemical processes) on THg concentrations in sediments, and THg and

MMHg contents in pore waters.
2. Methods
2.1. Direct sediment observation

In the frame of the ELEMO project (Wiiest et al, this issue), six dives (June 20 and 21;
July 19, 21, and 22; and August 16, 2011) were performed in Vidy Bay using the MIR
scientific sumersibles. These dives, covering a total length of 16.6 km (Fig. 1), were
performed close to the lake sediments in order to directly observe sediment structures,
textures and colours, and to collect sediment cores. Video recordings were made to
document sediment surface characteristics. These videos, in addition to dive logs,
served as a basis to establish a detailed map of the sediment structures present in the
Bay. Correspondence of video with positionning was based on the time given by GPS.

Submarine trajectories and core positions (Table 1) were calculated based on the GPS
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position of the floating platform, triangulation of the submersibles, and interpolation of
missing data (Akhtman et al. 2012). Additional images were also obtained using a

mini video camera attached to a corer deployed from the La Licorne research vessel.

Table 1. Sediment core locations and corresponding sediment type

Core WGS84 Coordinates SWISS Coordinates Distance to Depth  Sediment
number Latitude Longitude N E WWTP outlet type
(Deg decim) (Deg decim) (m) (m) (m) (m)
1 46.50856 6.58275 151165 534309 526 48 3
2 46.50853 6.58274 151161 534308 529 49 3
3 46.50842 6.58674 151146 534615 403 51 5
4 46.51111 6.58481 151447 534470 226 45 5
5 46.51114 6.58479 151450 534468 226 45 5
6 46.51024 6.58528 151349 534505 258 53 5
7 46.51002 6.58563 151325 534532 262 52 5
8 46.50888 6.58689 151197 534627 351 54 6
9 46.50905 6.58367 151219 534380 438 69 3
10 46.50873 6.58497 151183 534479 411 43 5
11 46.50710 6.58653 151004 534598 543 68 2
12 46.50876 6.58670 151184 534612 366 60 6
13 46.51040 6.58508 151368 534490 255 50 5
14 46.51047 6.58548 151375 534521 228 50 5
WWTP
outlet 46.51572 6.58822 151956 534738 0 35 5

Six types of sediment surfaces based on colour, texture, and structure (Figs. 1 and 2)
were distinguished. They are described following their occurrence from the deep basin

towards the lakeshore and WWTP outlet as following:
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Type 1 is characterized by enigmatic, yet well developed cushion and trench structures
(Fig. 2a). Cushions are generaly 40 - 60 cm in diameter, surrounded by 10 to 20 cm
wide depressions. The vertical amplitude of the structures is about 10 to 20 cm. The
sediment surface was beige and composed by clayey silts. It was observed in the
deepest part of the bay, and covers a large surface area extending beyond the
present survey. These structures have been previously described (Vernet 1966;

Sturm et al. 1984; Dominik et al. 1992) and no core was retreived in this sediment

type.

Type 2 corresponds to a fine-grained, flat, beige sediment surface, crossed by long
shallow trenches (Fig. 2b). It was observed at the rim of the cushion-trench
structures. It covers small surface areas in the Bay (Fig. 1). Core #11 was retreived

from this sediment type;

Type 3 is charaterized by flat lake bottom covered by a beige sediments with no
significant variation either in structure or colour. It was observed on slopes,
between 30 m and 100 m depth (Fig. 2c). Cores #1, 2, and 9 were collected in this

sediment type

Type 4 resembles type 3, but is punctuated with small holes, 10 cm in diameter and
few centimeters deep (Fig. 2d). The bottom of the depression may be black. This
sediment type was observed in the vincinity of the WWTP outlet. No core was

retreived in this sediment type.

Type 5 is charaterized by a heterogeneous assemblage of sediment colour on relatively
flat sediment surface, resembling a camouflage pattern. Sediment colours vary
between beige, black, and white (Fig. 2e). Individual surface colour areas range
from square decimetres to metres. This sediment type was essentially observed at
the outlet of the WWTP, and covers an area of approximately 0.25 km?2. Most cores
(#3 to #7, #10, #13, #14) were collected in this sediment type in different colour

zZonces.

Type 6 corresponds to a very small area in the Bay, a few hundreds of m?. It is distinct

because the sediments were almost entirely greyish-brown to black and covered by
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litter (including g-tips, cigarette butts, and sanitary towels, Fig. 2f). This type was
observed 300 m downslope of the WWTP effluent within the type 5 sediment area.

Cores #8 and #12 were collected in this sediment type.
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Figure 1. Map of Vidy Bay and sediment type distribution. Bold lines represent routes
of the submarine; small red circles are punctual observations with a submerged
camera. Insets: left; situation of Lake Geneva on the Switzerland-France border. The

red square indicates the location of Vidy Bay;, right, close view of the sediment core
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a: sediment type 1

d: sediment type 4 e: sediment type 5 f: sediment type 6

Figure 2. Photos of the different types of sediments surfaces. Type 1 - trenches and
cushions; Type 2 - long trenches; Type 3 - flat beige sediment; Type 4 — Flat beige
surface with holes; Type 5 — Black/white/beige sediment; Type 6 — flat with debris
(cigarette butts, paper, sanitary towels, etc.). Pictures were taken from the MIR
submarines, with the exception of types 3 and 5, which were taken from a camera

attached to sampling device.

2.2. Core sampling and sediment processing

A total of 14 cores, using a specially designed push corer (Girardclos et al. 2012), were
retrieved in the different zones of the Bay defined by visual observations. Sediment
cores were transported to a nearby laboratory where they were placed in a glove-tent
under an Nz-atmosphere. The overlying water was extracted with syringes and a
subsample was stored in clean bottles (see procedure below). The remainder was

filtered through 0.45 um Sterivex syringe filters and stored in 250 ml teflon bottles at
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4 °C. Both filtered and unfiltered water samples were acidified with suprapur HCI
(1 % v/v). Sediments were extruded and sliced at 0 - 1.5cm, 1.5 -3 cm, and 3 - 6 cm
intervals. Each sediment layer was transferred to a teflon centrifugation tube and
centrifuged at 3500 rpm for 40 minutes to extract the pore water. The centrifuge tubes
were placed back into the glove-tent under N»-atmosphere where the supernant water
was filtered with 0.45 pm Sterivex syringe filters, and stored in 30ml teflon flasks
inside two polyethylene bags. The cleaning procedure for the teflon bottles and vessels
used to store water and analyse mercury species was carried-out in series of three
baths: 1) a soap Extran® MA 03 bath for 1 hour under sonification and then rinsed
with MilliQ water; 2) two-hour sonification in a 10 % nitric acid bath, conducted a
second time after changing the acid and rinsing with MilliQ water; and 3) two-hour

sonification in a 10 % HCI bath and MilliQQ water rinse.
2.3. Sedimentological and chemical analyses

Sediment grain-size distribution was determined on wet sediments using a laser
diffraction Coulter LS-100 analyser, following the procedure described by Loizeau et
al. (1994). Sediments were freeze-dried in a CHRIST BETA 1-8K freeze-drying unit
(-54 °C, 6 Pa) for a minimum of 48 h. The organic matter content in sediments (OMgeq)
was measured by Loss On Ignition (LOI); samples were heated to 550 °C for 1 hour in
a muffle furnace (Nabertherm — LE14/11). Sulphate concentration in pore water was
measured by Ionic Chromatography (Dionex ICS-3000) with a IonPac®AS19
(4.250 mm) column. Iron concentration in pore water was measured by FG-AAS
(Varian, AA240FS). The accuracy was within 8% of certified values of the reference

material (SLRS-4) and the analytical error was less than 5%.

Total mercury in dry sediment (THgsq) was analysed by Cold Vapor Atomic
Absorption Spectrophotometry (CV-AAS) using an automatic mercury analyser, Altec
Model AMA 254 (Szakova et al. 2004), following the procedure described by Roos-
Barraclough et al. (2002) and Schafer et al. (2006). All analyses were run in triplicate.
The detection limit and working range were 0.01 ng and 0.05 - 600 ng, respectively.

Concentrations obtained for repeated analyses of the certified reference material never
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exceeded the specified range given for MESS-3 reference material (National Research

Council Canada).

MMHg and IHg (inorganic mercury) in overlying and pore waters (MMHgow,
MMHgpw and [Hgow, [Hgpw, respectively) were analysed by species-specific isotopic
dilution and capillary gas chromatography (Focus GC, ThermoFinnigan) coupled to an
ICP-MS (X7 II, ThermoElectron) to correct for species inter-conversion (Monperrus et
al. 2005). Total mercury concentrations in overlying and pore waters (THgow, THgpw)
were obtained by adding MMHgpw and ITHgpw concentrations. MMHg concentrations
in sediment were not measured because Bravo et al. (2011) had shown a positive
correlation with THg concentration. Thus, the MMHg concentration in the sediments

sampled would follow the same trends as exhibited by THg.
2 4. Statistical analyses

As data were not normally distributed, a Spearman test was used to evaluate
correlations between the distance to the wastewater outlet and the Hg forms and OM
concentrations. The Spearman rank correlation coefficient rs was computed into a
p-value to determine if the variables were significantly correlated (Siegel 1956). The
level of significance was set to 0.05. Statistical analyses were performed with R 2.14.1
software. As sediment types 2 and 3, as well as 5 and 6, were solely discriminated by
their morphology, cores retrieved in these sediment types were grouped as type 2 - 3

and 5 - 6 for the statistical analysis.

The distances between the WWTP outlet and the cores were significantly different
between types 2 - 3 and 5 - 6. Therefore, when the correlation between the distance to
the outlet and the measured variable was statistically significant, it was not possible to
separate the effects of distance to the WWTP outlet from the effect of sediment type.
In turn, the Mann-Whitney-Wilcoxon test was used to assess the influence of sediment

type on the measured variable when the correlation to distance was not significant.
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3. Results and discussion
3.1. Surface sediment analyses

The 14 cores were mainly collected on the downward slope from the WWTP outlet
(Fig. 1, inset). Distances of coring sites to the WWTP outlet ranged from 226 to 543 m
(Table 1). Surface sediments were sandy silt containing a relatively large proportion of
organic matter (9 to 16 %) related to the WWTP effluent. The mean grain size was
68 + 22 pm.

The concentrations of sulphate (SO4?) and dissolved iron (Fe) in pore and overlying
waters (Table 2) gave indications on the redox conditions of the water samples.
Concentrations of SO4? in overlying water varied between 45 and 56 mg/L, which
corresponded to the concentrations observed in Lake Geneva water column (Zahner
1984). In pore waters, SO4% concentrations were much less and varied between not
detectable to 5.6 mg/L. A gradual decrease in concentration between the upper layer
(0-1.5 cm) and the deepest layer was observed. Although layers 0-1.5 cm were more
concentrated in SO4? than deeper layers, they were considered as anoxic since these
concentrations were approximately 10 times lower than those recorded in the
overlying waters. Additionally, dissolved Fe concentrations (Table 2) corroborated the
sulphate results with generally low concentrations (between 7 and 21 pg/L) in
overlying (oxygenated) waters and increased Fe contents with depth in anoxic pore

waters (between 26 and 6990 ng/L).

Based on sulphate and Fe measurements, surface layers of all sediment cores showed
anoxic conditions. Nevertheless, a brownish surface layer was observed. This colour
layer reflects the presence of iron oxides and characterizes sediment of types 2 and 3
(core #11 and #9, respectively). Reduced dissolved Fe likely reaches the surface of the
sediments and in contact with the oxygenated overlying water might be oxidized. A

thin layer of iron (few mm) oxides would explain the brownish colour.
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Table 2. Mercury species, sulphate and iron concentrations in lake sediments, pore
water, and overlying water samples. F: filtered, NF: non-filtered, n.d.: not detected.
MMHg/THg represents ratios in pore waters and overlying waters. The uncertainty of

the OM is 5%. Uncertainties are given at one-sigma standard deviation.

Core Sample layers THgseq MMHgow or pw THEow or pw THgow or pw logk,THg MMHg/THg OM S0, Fe
number (mgkg) (ng/L) (ng/L) (ng/L) (%) (%) (mg/L) (ng)
1 Overlying water F - 0.05+0.01 0.44 +0.01 0.49 +0.01 - 10.0 - - -
1 Overlying water NF - 0.19+0.01 1.29 £0.01 1.48 £ 0.01 - 12.7 - - -
1 0-1.5cm 0.57 +0.03 5.7+0.5 6.1+0.1 11.8+0.5 4.69 48.5 9.3 - -
1 1.5-3cm 0.6+0.1 - 1.3+£02 1.3+£02 5.64 - 9.4 - -
1 3-6cm 0.66 + 0.01 0.78 + 0.00 0.68 +0.04 1.46 £0.04 5.65 53.4 9.1 - -
2 Overlying water F - 0.05+0.01 0.87 +0.01 0.92 +0.01 - 5.8 - - -
2 Overlying water NF - 0.81+0.01 54+2 55+2 - 1.5 - - -
2 0-1.5cm 0.7+0.2 0.32 +0.04 3.2+0.1 3.5+0.1 5.31 9.2 9.6 - -
2 1.5-3cm 1.9+0.1 20+£0.2 79+2 81+£2 4.36 2.4 11.9 - -
2 3-6cm 44403 0.64 + 0.07 142402 149+0.3 5.47 43 17.0 - -
3 Overlying water F - 0.06 + 0.01 0.34 +0.03 0.40 +0.03 - 15.0 - - -
3 Overlying water NF - 0.14£0.02 1.6+0.1 1.7+0.1 - 83 - - -
3 0-1.5cm 1.2+£02 1.1£0.1 2.0+0.1 3.1+£0.2 5.60 35.0 16.1 - -
3 1.5-3cm 1.0+0.1 0.47 £ 0.05 1.4+0.1 1.9+0.1 5.74 25.5 13.7 - -
3 3-6cm 1.0£0.1 0.26 +0.04 1.32+0.00 1.6+ 0.0 5.80 16.7 11.3 - -
4 Overlying water F - 0.12 +0.02 0.78 +0.04 0.90 +0.05 - 13.1 - 4731 9.24
4 Overlying water NF - 1.2+09 36+2 37+2 - 33 - - -
4 0-15cm 1.4+02 34403 87402 12.1+0.3 5.07 28.2 12.4 0.24 25.6
4 1.5-3cm 0.8+0.1 1.0+0.1 11.7+£0.6 12.7+0.6 478 7.7 10.3 0.93 2150
4 3-6cm 1.4+£04 0.8+0.1 41 £1 42+1 4.53 1.8 9.8 2.80 6990
5 Overlying water F - 0.06 + 0.01 0.85+0.09 0.9+0.1 - 7.0 - 47.86 10.2
5 Overlying water NF - 0.88 £0.09 30+2 30£2 - 2.9 - - -
5  0-1.5cm 1.3+£04 11.1£0.5 33+04 14.4+0.7 4.96 77.1 14.5 0.31 542
5 1.5-3cm 1.00 £ 0.00 1.5+£02 3.0+02 45+02 5.34 32.7 11.7 0.25 436
5  3-6cm 1.0£0.2 0.28 +0.04 29+03 32 £03 5.47 8.9 10.3 0.03 1150
6 Overlying water F - 0.07 +0.01 0.80 +0.01 0.87 +0.01 - 7.6 - 47.32 12.3
6  Overlying water NF - 0.52+£0.04 8.6+0.5 9.1+0.5 - 5.7 - - -
6 0-1.5cm 1.61 £0.02 1.6+0.3 52403 6.8+0.4 5.37 233 10.8 2.96 176
6 1.5-3cm 1.3+£0.6 6+2 83405 14+2 4.97 42.4 12.3 0.38 224
6  3-6cm 1.3+£03 1.1+£02 6.5+0.3 7.7+0.3 5.24 14.7 10.9 0.39 2360
7  Overlying water F - 0.5+0.1 2.54+0.04 3.0+0.1 - 15.5 - 44.88 21.2
7 Overlying water NF - 3.7+0.2 218+ 17 222+17 - 1.7 - - -
7 0-1.5cm 52+0.3 22+3 276 + 49 298 + 76 4.23 8.9 - 5.15 252
7 1.5-3cm 10+£1 9+1 719 + 234 728 + 234 4.14 1.2 - 0.49 621
7 3-6cm 9+1 13 +£3 - - 3.58 - - - 732

75



Mercury contamination in sediments

Table 2. (continued)

Core Sample layers THgsq MMHgow orpw  THZow or pw THgow orpw  logK,THg MMHg/THg OM SO 4'2 Fe

number (mg/kg) (nglL) (ngL) (ngL) %) %) mgl) (gl
8  Overlying water F - 0.12+0.05 0.52+0.02 0.6+0.1 - 18.9 - 47.69 10.8
8  Overlying water NF - 0.42 +0.02 3.7+0.1 42+0.1 - 10.1 - - -
8 0-1.5cm 0.6+0.2 32+07 3.6+0.2 6.7+0.8 4.94 472 10.6 5.15 62.5
8 1.5-3cm 0.50 £ 0.09 1.4£0.7 3.6£0.1 5.0+0.7 5.00 27.7 9.6 0.49 211
8  3-6cm 0.36 + 0.08 0.43 +0.06 42+0.1 4.6+0.1 4.90 9.2 8.6 0.09 635
9  Overlying water F - - - - - - - 56.70 11.1
9  Overlying water NF - 0.44+£0.01 249+0.5 254+0.5 - 1.7 - - -
9  0-1.5cm 0.7£0.1 28+04 1.5+0.1 43+04 5.23 64.8 10.7 - 266
9 1.5-3cm 1.0+0.3 1.3+0.1 39+03 52403 5.28 25.7 10.4 - 443
9  3-6cm 1.3£0.3 - - - - - 9.5 - 644
10 Overlying water F - 0.07 +0.01 0.45+0.04 0.52+0.04 - 13.1 - 53.04 7.01
10  Overlying water NF - 0.25+0.03 231 23+1 - 1.1 - - -
10 0-1.5cm 0.8+0.2 24+03 0.98 +0.07 33+03 5.35 70.6 9.9 2.94 174
10 1.5-3cm 0.57 £0.06 1.6+0.4 3.9£02 5.6+0.5 5.01 29.4 10.0 0.82 206
10 3-6cm 0.62 +0.08 1.4+0.8 6+3 7+£3 4.96 19.7 10.1 n.d. 916
11 Overlying water F - 0.03 +0.00 0.39+0.01 0.42+0.01 - 7.6 - 56.64 7.38
11 Overlying water NF - 0.41+0.06 7.3+£0.1 7.7+0.1 - 5.3 - - -
11 0-1.5cm 0.38+£0.03 1.7+£0.2 1.2+0.1 29+02 5.12 59.2 9.2 4.02 532
11 1.5-3cm 0.32+0.01 1.1+0.2 3.6+0.2 46+0.3 4.84 22.6 8.4 0.14 1040
11 3-6cm 04+0.1 09=+0.1 145+0.2 153+£0.3 435 5.7 8.0 0.22 1510
12 Overlying water F - - - - - - - - -
12 Overlying water NF - 0.5+0.1 2.1+0.2 2.5+0.2 - 17.8 - - -
12 0-3cm 0.7+0.2 5.5+0.5 10.6 0.2 16.1+0.5 4.65 34.1 8.9 - -
12 3-6cm 0.5+0.1 1.5+£04 6.5+04 8.1+0.6 4.81 19.1 9.0 - -
13 Overlying water F - - - - - - - - -
13 Overlying water NF - 1.7£0.3 34£02 52+04 - 33.7 - - -
13 0-1.5¢cm 1.5+0.5 13+2 11.8+£0.2 25+2 4.78 53.2 14.3 - -
13 1.5-3cm 1.5+0.2 5.1+0.6 11.0+0.7 16.1+0.9 4.96 31.5 13.3 - -
13 3-6cm 1.6+0.2 0.83 +0.04 459+ 0.4 46.7+0.4 4.53 1.8 9.4 - -
14 Overlying water F - 0.20 £ 0.02 0.43+0.01 0.63 +0.02 - 32.0 - - -
14 Overlying water NF - 0.79 + 0.06 1.19£0.02 2.0+0.1 - 39.9 - - -
14 0-1.5cm 1.20 £ 0.01 6.9+0.5 5.1+0.2 12.0+£0.5 5.00 57.7 14.0 - -
14 1.5-3cm 0.92 +0.04 0.61+0.07 4.01 £0.04 4.6+0.1 5.30 13.1 10.6 - -
14 3-6cm 1.2+0.2 0.61 £0.01 329+0.4 33.5+04 4.58 1.8 9.4 - -
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3.2. THgsea: an indicator of the contamination from the WWTP

THgseqa concentrations in the 14 sediment cores ranged between 0.32 and 10 mg/kg
(Table 2). The highest THgsa concentrations were found in sediment core #7 (Fig. 1).
The maximum value of THg was about 330 times higher than the natural background
level of Lake Geneva (0.03 mg/kg, Vernet and Viel 1984). THgs«a concentrations in
this sediment core increased with depth (Table 2). This sediment core was also found
to be highly concentrated in particulate Cd, Pb and Cu (Masson and Tercier-Waeber
2013, this issue); and to be significantly different in terms of abundance and type of
bacteria (Sauvain et al. 2013, this issue). The heterogeneous partition of contaminants
in Vidy Bay sediments might result from the wandering of the plume released by the
WWTP outlet and subsequent settling of contaminated particles. Although THgsed
concentrations in core #2 were lower than those found in core #7, they were also
relatively high in the third layer (4.4 mg/kg, Table 2). Due to these high values, cores
#2 and #7 were considered as outliers and not taken into account in further statistical
calculations. The dispersion of THgsq in the upper layer (0-1.5 cm) is shown in
figure 3. Most concentrations measured in the Bay exceeded the Threshold Effect
Concentration (TEC) of 0.18 mg/kg (MacDonald et al. 2000). Additionally, 9 of them
exceeded, or were at the limit of, the Probable Effect Concentration (PEC) of
1.06 mg/kg. These THg concentrations in Vidy Bay sediments correspond to those
reported by Pote et al. (2008). No significant correlation was found between sediment
type and the Hg concentration in the sediments. Nevertheless, the range of THggeq
concentrations in sediment cores grouped, considering the distance to the WWTP
effluent (Fig. 3) showed that type 2 - 3 (distant to the WWTP effluent) presented lower
THg concentrations than type 5 - 6 (closest to the WWTP effluent).
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Figure 3. Concentration ranges of THg in surface sediments by sediment types (all
cores included). The thick line inside the box is the median, the box indicates the upper
and lower quartiles, the dashed whisker lines give the range of extreme values to a

maximum of 1.5 times the interquartile range. Outliers are indicated with circles.

3.3. Hg speciation in pore water

Pore water in core #7 was found to be highly concentrated in THgpw (from 298 to 728
ng/L), followed by core #2 (from 3.5 to 81 ng/L). In the other sediment cores, THgpw
concentrations were lower and ranged between 1.3 and 46.7 ng/L (Table 2). The THg
partition coefficient, logKq (in L/kg), is defined in this study as the ratio between THg
concentrations measured in sediment (THgs.q) and in pore water (THgpw) (Turner et al.
2004). The logKy values ranged between 3.6 and 5.8. Similar results have been found
in Lake Superior and Lake Michigan sediments (logKq = 4.8 £ 0.1 and logK4 = 5.7,
respectively; Rolfhus et al. 2003; Hurley et al. 1996). The highest MMHgpw

concentrations have been found in core #7, ranging between 9 and 22 ng/L. These
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concentrations were high as compared to the other 13 sediment cores; MMHgpw
concentrations ranged from 0.32 to 11.1 ng/L. The average MMHgpw concentration in
all sediments cores, except core #7, was 4.5 = 4.1 ng/L in the 0 - 1.5 cm layer,

2.6 2.1 ng/L inthe 1.5 - 3 cm layer and 7.9 + 4.0 ng/L in the 3 - 6 cm layer.

The MMHgpw/THgpw ratio was found to be depth dependant and was 0.44 = 0.25 in
the 0 - 1.5 cm layer. This result is similar to that found in other contaminated
lacustrine bays, such as Lavaca Bay (Texas) with a MMHgpw/THgpw ratio of
0.41 £ 0.33 (Bloom et al. 1999). In other areas affected by atmospheric Hg deposition,
as in small lakes in Ontario, Canada, MMHgpw/THgpw ratio ranged between 0.01 and
0.76 (He et al. 2007). A large proportion of the MMHg found in Vidy Bay decreased
with sediment depth, with 22 + 14 % in the 1.5 - 3 cm layer and 13 £+ 13 % in the

3 - 6 cm layer.

The percentage of MMHg has often been used as a proxy of Hg methylation activity in
sediments (cf. Drott et al. 2008). In the present study, since the MMHgpw/THgpw ratio
was generally higher in the 0 - 1.5 cm layer than in deeper layers, the main production
of MMHg likely occurs in the surface of sediments. Sulphate (up to 5 mg/L) and iron
concentrations (Table 2) measured in sediment pore water of Vidy Bay indicates the
availability of acceptor electron to the main Hg methylators, the sulphate-reducing and

iron-reducing bacteria.
3.4. Hg speciation in overlying waters

THg concentrations in overlying waters for filtered (3.0 = 0.1 ng/L) and non-filtered
overlying water (222 + 17 ng/L) in core #7 followed the same trend as the parameters
measured in the pore water. In core #2, only the non-filtered overlying water is high in
THgow at 55 £ 2 ng/L. Without taking these outliers into account, THgow
concentration ranged between 0.40 and 0.92 ng/L in filtered overlying water; and

between 1.48 and 37 ng/L in non-filtered overlying water.

The highest MMHgow concentrations were found in core #7 in filtered and
non-filtered overlying waters (0.5 £ 0.1 ng/L and 3.7 = 0.2 ng/L, respectively) as

compared to the other 13 sediment cores, where MMHgow concentrations ranged
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between 0.03 and 0.20 ng/L for filtered overlying waters, and between 0.14 and
1.7 ng/L for non-filtered overlying waters. In any case, MMHg concentrations found
in Vidy Bay lake bottom waters exceed the value of 0.05 ng/L found in the centre of
Lake Geneva (Bravo, 2010).

MMHg concentrations measured in overlying waters were between 10 and 100 times
lower than those measured in pore waters, indicating a probable diffusion of MMHg
from the sediments to the water column, and showing that methylation takes place
preferentially in the surface sediments as observed in many studies (cf. Ullrich et al.
2001). However, no correlation was found between MMHgpw (layer 0 - 1.5 cm) and

MMHgow (rs = 0.042).
3.5. Influence of sediment types on Hg forms

For layer 0 - 1.5 cm and all layers combined, a Spearman test showed a significant
negative correlation between distance to the WWTP outlet and the following
parameters: THgseq, THgpw, filtered THgow and non-filtered MMHgow concentrations
(p-values < 0.05, Table 3).

Table 3. Correlation p-values between the measured parameters (in sediments, pore

water, and the overlying water) with distance to the WWTP outlet

Parameters Spearman p-values Parameters Spearman p-values
in sediments Layer All layers in overlying waters | Overlying water Overlying water
0-15cm combined Non Filtered Filtered
THg,q 0.01%* 0.01%*
oM 0.04* 0.01*
MMHgpy 0.12 0.93 MMHg,y 0.01* 0.08
THgpw 0.02%* 0.01* THgow 0.27 0.01%*
MMHgpw / THEpw 0.49 0.12 MMHgoyw / THEow 0.59 0.64
logK,THg 0.67 0.35

* indicates a p<0.05

Because the sediment types were also dependant on distance from the WWTP outlet
(Fig. 1), it was not possible to evaluate whether there was a statistically significant

difference of these parameters between sediment types.
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Table 4. Independence Mann-Whitney-Wilcoxon test for non-distance correlated

variables (Table 3) and the groups of sediment type, p-value threshold = 0.05

Parameters Mann-Whitney-Wilcoxon p-values Parameters Mann-Whitney-Wilcoxon p-values
in sediments Layer All layers in overlying waters | Overlying water Overlying water
0-1.5cm combined Non Filtered Filtered
MMHgpy 0.73 0.97 MMHgoyw 0.06
logKk,;THg 1.00 0.95 THgow 0.86
MMHgpy, / THgpw 0.37 0.22 MMHgoyw / THEow 0.60 0.33

On the other hand, logK4, MMHgpw, MMHgpw/THgpw ratios, non-filtered THgow and
filtered MMHgow concentrations were not correlated to distance from the WWTP
outlet (p-values > 0.05, Table 3). Therefore a Mann-Whitney-Wilcoxon test was
performed to assess the differences between sediment types for these parameters. All
p-values were found to be greater than 0.05 (Table 4), which suggests that there was
no statistical difference between sediment type and logKy, MMHgpw,
MMHgpw/THgpw ratio, non-filtered THgow and filtered MMHgow concentrations.
Therefore, at the studied scale, it appeared that the strong differences in sediment
surfaces were essentially due to redox variations at the sediment surface and the
presence or absence of a bacterial mat (Sauvain et al. 2013, this issue). These
differences seemed to have no direct effect on mercury transformation processes in the
sediment. The survey performed in the present study could not assess the impact of the
noticeably altered sediments (sediment type 5: 0.25 km?, in the vicinity of the WWTP)
on mercury fate. However, a large variation in the concentration of mercury forms,
uncorrelated to distance to the main source, still were observed. For instance,
MMHgpw concentrations ranged between 0.26 and 27.2 ng/L in core samples. These
variations should be related to local heterogeneities of biogeochemical processes at the

scale of centimetres to metres.
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4. Summary

THgpw concentrations were found to be high in the whole Bay with concentrations
increasing as sampling sites approached the main source. This correlation between
distance and THgpw concentration confirms the WWTP as a source of Hg
contamination within the Bay. MMHgpw concentrations and their fraction on THgpw
were not directly influenced by the WWTP effluent; this indicated that biogeochemical
processes, not visually apparent from the sediment types, dominated MMHg formation
in pore waters. MMHgpw concentrations and the MMHgpw/THgpw ratios were higher
in the top sediment layer, indicating a higher methylation rate in these sediments. The
integration of physicochemical parameters and bacteria biodiversity analysis on these
superficial sediments would be of great interest to understand the source of increased
MMHgpw, as compared to sediment depth, to sediment type, and to other aquatic

environments.
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CHAPTER 1V

Mercury distribution from the shore to the deep waters

This chapter presents the mercury transport throughout the study of fluxes. The
dynamics here provide a better understanding on vertical and horizontal mercury
dispersion as a particle-bound contaminant. The sedimentation pathway
determines particle transfer from the shallow to the deep waters in a large lake

of Western Europe.
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Abstract

Mercury is a well-known particle-bound pollutant which is of great concern in the
Vidy Bay and surrounding area of Lake Geneva due to the input of wastewaters from a
municipal wastewater treatment plant. To better understand the sources and dynamics
of mercury in and around Vidy Bay, total mercury and methylmercury concentrations
and fluxes were studied in surface sediments and settling particles. Two-tiered
sediment traps were deployed at two sites of Lake Geneva, and were sampled on a
monthly basis for almost two years to estimate total mercury settling fluxes, and the
influence of the lateral sedimentation component in moving from the shallow to deeper
lake. Combined results of concentrations and fluxes showed that (i) the Vidy Bay
catchment area, likely combined with the effluent of the wastewater treatment plant,
provides particle-bound mercury and other sediment components such as organic
matter to the bay; (ii) resuspension and/or lateral advection has been observed in the
bottom tier of the sediment traps (5 m above the lakebed); (iii) although the most distal
sampling site (~ 3 km from the shoreline) showed a decrease of total mercury fluxes,
sediment accumulation rates and organic matter fluxes suggested that this area is still
affected by the coastal boundary, as compared to sites in the center of the lake.
Regarding methylmercury results, higher concentrations and fluxes were observed in
settling particles than in sediments, suggesting that Hg-methylation processes were

preferentially occurring within the water column.

Keywords

Mercury fluxes, mercury transport, settling particles, methylmercury
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1. Introduction

Mercury (Hg) in the atmosphere is largely found as elemental mercury. Due to the
relative insolubility of gaseous Hg, this trace metal is of easy transport through the
atmosphere and it is subject to dry and wet deposition in the aquatic systems (Mason et
al., 1994). Once in the water column, Hg adsorbs primarily onto particulate organic
matter (OM) and inorganic suspended particles in the water column and eventually
settles to the sediment surface after aggregation and coagulation sedimentation
processes. Therefore sediments are the principal reservoir of Hg in aquatic systems
(Benoit et al., 1998; Wang et al., 1998). Methylmercuy (MeHg) is a neurotoxin and
one of most hazardous forms of Hg. It accumulates in aquatic organisms and
bioamplifies through the food chain. MeHg is a threat for the human health since the
uptake of MeHg by the population is via fish comsumption. MeHg results from the
biotransformation of inorganic mercury in suboxic sediments by specific anaerobic
micoorganisms, including sulfate-reducing bacteria (SRB), iron-reducing bacteria
(IRB) and methanogens (Compeau and Bartha, 1984; Korthals and Winfrey, 1987;
Parks et al., 2013; Gilmour et al., 2013; Podar et al., 2015). In turn, sediments can be a
significant source of Hg to the water column depending on the biogeochemical and
transport processes taking place in both sediments and waters. (Gagnon et al., 1997;
Rigaud et al., 2013). Although many studies on trace metals have focused on mercury
fluxes at the sediment-water interface over short periods of time (e.g. Bloom et al.,
1999; Rolfthus et al., 2003; Mason et al., 2006; Feyte et al., 2012), less attention has
been paid to particle-bound Hg settling fluxes and the effects of resuspension on the
fate of mercury over longer periods of time. It has been shown that sediment
resuspension plays a role in Hg methylation and in MeHg transfer from sediments to
organisms in shallow aquatic systems (Kim et al., 2006). However, resuspension is not
restricted to shallow waters and can occur when current induced bottom shear stress
exceeds the cohesive, electro-static, force between surface sediments (Taylor and
Birch, 2000). In some cases depending on the lake hydrodynamics, resuspended
material can constitute the dominant source of input for particle fluxes (Evans, 1994).
Resuspension of sediments is an important process enabling the redistribution of

particulate material and associated contaminants. Particles are the principal vector for
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trace metal transport; hence, it is of major concern to understand the particle dynamics
to assess contaminant dispersal and fate. Monthly fluxes of Hg bound to settling
particles were recorded in sediment traps in Lake Geneva. Together with
sedimentological parameters (grain size, organic matter and carbonate content), they
were used to assess the dispersion of particle-bound pollutants and to quantify the
relative importance of transport processes such as direct settling and

resuspension/lateral advection.
Study site

Lake Geneva is a warm monomictic peri-alpine lake located on the border between
Switzerland and France (Fig. 1). It has a surface area of 580 km?, a maximal depth of
309 m, and a volume of ~89 km?. The main tributary to the lake is the Rhone River
(70%) with a mean input of 185 m?®/s, and particle concentrations ranging from 20 to
2,000 mg/L in the winter and summer, respectively (Dominik et al., 1987). The study
was carried out in and around Vidy Bay, which is the most contaminated part of Lake
Geneva. Vidy Bay receives some urban runoff trough the Chamberonne River, and
minor inputs are transported by the Venoge River that also flows to the west in the
vicinity of the bay. Vidy Bay is also affected by treated and untreated (overflows)
domestic and industrial wastewaters released by the wastewater treatment plant
(WWTP) of the city of Lausanne (e.g. Pardos et al, 2004; Pot¢ et al. 2008; Thevenon et
al., 2011). The WWTP discharges between 1 and 3 m?/s, reaching as much as ~7 m3/s
when intense precipitation occurs (Razmi et al., 2013). In 2011, the mean total
mercury (THg) concentration in WWTP sludges collected at the Vidy Bay WWTP was
3.8 ug/g (Burnier et al., 2011).
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2. Materials and methods
2.1. Sediment and settling particles sampling

Sediment traps were deployed on a monthly basis between December 2009 and
September 2011 from the Institut F.-A. Forel research vessel, “La Licorne”. The traps
were deployed at two locations, NG2 (6° 35° 0”” E, 46° 30’ 6’> N; Swiss coordinates:
534350 E, 150400 N) at 138 m depth, and NG3 (6° 34’ 46’ E, 46° 29’ 40°* N; Swiss
coordinates: 534050 E, 149600 N) at 192 m depth (Fig. 1). Sediment traps consisted of
a weight, an acoustic release, two tiers of sediment trap tubes and buoys (Fig. 1). Each
tier of sediment traps consisted of a frame holding six 80 x 11 cm Plexiglas tubes,
resulting in a total surface area of 520 cm?. One tier was placed at 5 m above the

sediment surface while the other was placed 75 m below the lake surface.

Surface sediments below the traps were sampled at the same time and on the same
frequency as the sediment traps using two Mortimer-Jenkin-type gravity corers
attached together in parallel. The top 1 cm centimeter of sediment was subsampled by

extrusion.

Additionally, surface sediments (~ 1 cm depth) were collected using a Van Veen grab
sampler at 15 additional sites (numbered EG1 - EG15) along a transect extending from

Vidy Bay towards the deeper adjacent main basin (Fig. 3).

A 60-cm long sediment core was also retrieved at NG2 on May 14th 2014, using a
UWITEC gravity corer. This core was used to date sediments and determine recent

sediment accumulation rates.
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Figure 1. Top: Map of the study area and location of sampling stations close to Vidy
Bay as related to Lake Geneva in Switzerland. Isolines corresponded to the lake
altitude, lake level at 372 m a.s.l. Bottom: Scheme of the chain of traps deployed at
NG and NG2 (not to scale).
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2.2. Geochemical analyses

Sediment grain-size distribution was determined on wet sediments using a laser
diffraction analyser (Coulter LS-100, Beckman-Coulter, USA), following the
procedure described by Loizeau et al. (1994).

Samples were freeze-dried in a CHRIST BETA 1-8 K freeze-drying unit (-54 °C, 6 Pa)
for a minimum of 48 h. OM and carbonate (CaCOs3) contents in sediments were
estimated by Loss on Ignition. Samples were heated to 550 °C for 30 minutes to
estimate the OM mass loss and then heated to 1,000 °C for another 30 minutes to
estimate the CaCO; content (Dean, 1974). The CaCOs content was calculated by
multiplying the mass loss at 1,000 °C by 2.2742, the molar mass ratio of calcite to

carbon dioxide.

Total mercury (THg) in dry sediment was analysed by Cold Vapor Atomic Absorption
Spectrophotometry (CV-AAS) using an automatic mercury analyser, AMA-254
(Altec, CR), following the procedure described by Roos-Barraclough et al. (2002). All
analyses were conducted in triplicate. The detection limit and working range were
0.01 ng and 0.05 - 600 ng, respectively. Concentrations obtained for repeated analyses
of the certified reference material never exceeded the specified acceptance range given

for the MESS-3 reference material (National Research Council of Canada).

MeHg in solid matrix was extracted using a HNO3 leaching/CH>Cl, extraction method
(Liu et al., 2012), followed by ethylation onto Tenax® traps. GC separation (Bloom,
1989) and Cold Vapor Atomic Fluorescence Spectrometry (CV-AFS) detection were
run using a Model III CVAFS Detector (Brooks Rand®, USA). Recovery of
extractions and analyses of the certified reference material (ERM®-CC580) were

consistently above 85%.
2.3. Sediment dating and mercury flux in sediments at NG2

To determine long term mercury fluxes to the sediments, a 60-cm long sediment core
was retrieved and split in two halves. Water content and porosity were measured

following the method of Hékanson and Jansson (1983). Depth scale was converted to
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mass scale in order to compute sediment accumulation rates (SAR), in g/cm? y. SAR
were calculated by dividing the mass of sediments accumulated between two time
markers by the surface area of the sediment core and by the elapsed time between the
time markers. Four time markers were used: (i & ii) occurrences of *’Cs fallout peaks
in 1954 and 1964 from atmospheric nuclear weapon testing; (iii) '3’Cs fallout peak
from the 1986 Chernobyl accident; and (iv) the surface sediment in 2014. 3’Cs and
"Be activities were measured in freeze-dried and homogenized sediment samples using

an HPGe gamma spectrometer (Ortec EG&GQG).

Overall THg and MeHg fluxes to the surface sediments for the period from December
2009 to September 2011 were calculated by multiplying the SAR to the first cm of the
sediment core (see above in this section) by the overall THg or MeHg average
concentration of the surface sediments for this period. Units are expressed in pg/m? d

and ng/m? d for THg and MeHg, respectively.

SAR in sediment traps were calculated by Graham (2015) are presented in Supporting
Information (SI, Table 1).

2 4. Statistical analyses

Normality was tested using the Shapiro-Wilk test. THg and MeHg concentration
datasets did not follow a normal distribution in top and bottom combined sediment
traps. Therfore, median values were used to compare groups, and Kruskal-Wallis one-
way analysis of variance on ranks test was performed in order to compare THg
concentration and fluxes in combined top and bottom sediment trapas in autumn,
summer, spring and winter. Overall the significance level was set to 0.05. All the

statistical analyses were performed with SigmaPlot 11.0 software
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3. Results
3.1. Grain-size distribution evolution

Temporal and spatial variations in mean grain size of settling particles are presented in
figure 2. Trends were similar at both NG2 and NG3, with lower overall values in 2010
than in 2011. Moreover, minimum values were found in both top and bottom traps,
from the summer to autumn of 2010. These values correspond to relatively high OM
and CaCOs fluxes determined in the same samples by Graham (2015). In contrast,
2011 presented its highest values during summer-autumn at both sites, with the lowest

values present in winter, mainly at NG2.

NG2

Mean grain size [um]

Sampling period

Figure 2. Mean grain size distribution of settling particles at NG2 and NG3. Solid

line: top sediment trap. Dashed line: bottom sediment trap.
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3.2. THg concentrations and fluxes

THg concentrations were measured in the surface sediments of fifteen sites in and

around Vidy Bay (Fig. 3). Ten of these sites were placed on a north-south transect

passing through the WWTP outlet pipe, which is located between EG1 and EG2. EG1,

upslope of the outlet pipe, had the lowest concentration of THg (0.039 £+ 0.001 ng/g)

whereas EG2, located approximately 20 m in front of the outlet pipe, registered the

maximal concentration of 1.33 = 0.03 pg/g. Moving along the transect from EG2 to

EG10, including NG2 and NG3, concentrations fell to 0.22 pg/g. The remaining sites

on either side of the transect, EG11 to EGIS5,

ranged from 0.55 = 0.08 to

0.173 £ 0.003 pg/g as a function of the distance to the outlet pipe and/or the shore.
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EG7 0.21
EG8 0.41
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EG10 0.22
EG11 0.26
EG12 0.22
EG13 0.55
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EG15 0.17

Figure 3. Spatial variability of THg in surface sediment concentration in Vidy Bay and

surrounding area. Surface area of circle is proportional to THg content.
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Median THg concentrations measured in settling particles at NG2 and NG3 were
0.154 pg/g and 0.097 pg/g, respectively. THg concentrations measured on particles
recovered in the top and bottom sediments traps ranged between 0.073 + 0.001 and
0.27 £ 0.01 pg/g at NG2, and between 0.038 + 0.001 and 0.21 £+ 0.01 pg/g at NG3;
both sites followed similar seasonal patterns (Fig. 4). The highest THg concentrations
were found in autumn-winter and the lowest contents in summer-autumn. Spring was
considered as a transition period with intermediate values. Although seasonal
variations followed the same trend at both locations, settling particles presented
significantly higher THg concentrations at both depths of NG2 as compared to NG3.
Particularly in autumn-winter THg concentrations in settling particles at NG2 were
above the average concentration measured in sediments, whereas at NG3, THg
concentrations were always lower in settling particles than in the average

concentration of sediments.
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Figure 4. THg concentrations and fluxes in settling particles and sediments at NG2
and NG3. Solid line: top sediment trap. Dashed line: bottom sediment trap. Dotted
line: mean THg concentration or flux in surface sediments during the entire period of

sampling.
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To further understand the THg dynamics, THg fluxes were calculated for the top and
bottom sediment traps of both NG2 and NG3 (Fig. 4). THg fluxes ranged between
0.144 + 0.002 and 1.6 + 0.3 pg/m> d at NG2, and between 0.10 + 0.05 and
0.89 +£0.03 pg/m*> d at NG3. Overall, at both sites, THg fluxes were greater in the
bottom trap than in the top trap (Fig. 4). Seasonal variability of THg fluxes was less
pronounced than Hg concentration variability. The flux ranges did not include values
obtained in December 2010 which were atypically high for the bottom trap of both
sites, particularly at NG2 (3.00 + 0.03 ug/m? d at NG2 and 1.31 £+ 0.06 ug/m? d at
NG3). These peaks were due to an abnormally elevated input of settling particles in
December 2010 which is more characteristic of mild temperature periods (Graham,
2015) (see discussion). THg flux was also estimated in the surface sediments from the
long-term sediment accumulation rate at NG2. SAR from the 60-cm sediment core at
the during the period between December 2009 and September 2011 was 0.18 g/cm? y
and the mean THg concentration was 0.20 £ 0.03 g/cm?, resulting a mean THg flux of

1.0 g/cm? for that period.
3.3. MeHg concentrations and fluxes

MeHg concentrations at NG2 ranged from 0.41 + 0.04 ng/g to 11.38 £ 0.02 ng/g with a
median concentration of 2.55 ng/g, and between 0.39 = 0.02 ng/g and
13.47 + 0.02 ng/g at NG3 with a median concentration of 2.17 ng/g (Fig. 5). The
seasonal evolution of MeHg concentrations in settling particles at NG2 showed that in
2010, the highest concentrations were found during winter in the bottom trap. Contrary
to THg concentrations, MeHg content in the summer-autumn of 2010 and 2011 were
elevated and generally greater in the top trap, although, the maximal concentration at
this site was measured in October 2010. Overall, at NG2, MeHg concentrations were
above the average concentration in sediments (Fig. 5). NG3 showed lower
concentrations in autumn-spring and the highest concentrations in summer and
autumn. During the latter period, MeHg concentrations in sediments traps were
notably higher than the MeHg mean concentration in the surface sediments (1-2 ng/g),
especially the concentrations in the bottom trap which were almost continuously

greater than those of the top trap.
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Fluxes were calculated to better understand the seasonal behavior of MeHg in settling
particles. MeHg fluxes varied between 0.44 + 0.02 and 68.4 + 0.6 ng/m? d at NG2,
between 0.68 + 0.02 and 58.5 = 0.5 ng/m? d at NG3, and median values were 9.81 and
10.7 ng/m? d respectively. As shown in Fig. 5, trends of MeHg fluxes at both sites
were similar to concentration trends, that is, greater fluxes of MeHg in the summer and
autumn as compared to the winter and spring. Similarly to THg fluxes in sediments,
MeHg fluexes were estimated in sediments from the SAR corresponding to 2009 to
2011 (0.18 g/cm? y) and the mean MeHg (0.9 + 0.4 ng/g). MeHg fluxes to the
sediment traps of NG2 were significantly above the mean MeHg flux at the surface
sediments (4.44 ng/m? d). Finally, likewise to the MeHg concentrations, the fluxes of
MeHg measured in the bottom trap, especially at NG3, are greater than those measured

in the top trap.
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Figure 5. MeHg concentrations and fluxes in settling particles at NG2 and NG3. Solid
line: top sediment trap. Dashed line: bottom sediment trap. Dotted line: mean MeHg

concentration or flux in surface sediments during the sampling periods.
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4. Discussion
4.1. Grain-size distribution

The finer mean grain sizes were found during the summer of 2010 and September
2011 at NG2 and NG3 (Fig. 2), corresponding to the highest fluxes of OM and CaCOs
for the same sites and periods measured by Graham (2015), shown in Table S1. This
suggests that the composition of settling particles during these periods was mainly
formed by aggregation of endogenic CaCOs crystals and fine particulate OM. Coarser
mean particle diameters were found in winter 2010/11 and early summer 2011 at NG2,
whereas at NG3, coarse mean particle diameters appeared only in early summer 2011
and were more abundant in the bottom trap. These differences in grain size showed
that NG2 more often recorded the presence of coarse-grained particles. Thus, NG2
being 1 km closer to the shore and the WWTP effluent, may be subject to variations in
load of coarse silt and large organic particles that have less of an influence at NG3. To
further understand the origin of these coarser means of the particle distributions, we
compared the periods in which they were measured in the sediment traps with the rises
of the Rhone River (the most important tributary to Lake Geneva) and the Venoge
River, the most important local river to Vidy Bay. However, no temporal concordance
was found between the appearance of the coarse particles at NG2 and NG3, and the
seasonal swelling of rivers and increased rainfall (Fig. S1). Therefore, the origin of
coarse particles, predominantly at NG2, could be related to the proximity to the shore,

which drains coarse material.
4.2. The fate of THg

Many sampling sites are required to assess THg distribution in Vidy Bay due to the
high heterogeneity of THg concentrations (Poté et al., 2008; Gascon Diez et al., 2014)
in lake surface sediments (Fig. 3). EG1 was the closest point to the shore and showed
the lowest concentration measured in the bay (0.039 ng/g). The low concentrations
found at EG1 could be explained by the presence of coarse-grained particles
discharged by the Chamberonne River that are not favorable to THg adsorption.

Indeed, Hg sorption depends on the physico-chemial characteristics of sediments such
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as the mineral composition, the electrostatic forces and the surface area per unit of
weight. Therefore, Hg adsorbs more easily to the 0-200um sediment fraction
(Bengtsson and Picado, 2008). EG2, at about 20 m distance from the outlet pipe,
showed to be the most affected site in the bay with the highest values (Fig. 3).
Concentrations decreased from EG2 towards the main basin, reaching a concentration
plateau (~ 0.2 pg/g) between EG7 to EG10, where concentrations were similar to those
previously recorded for the center of the lake (0.17 pug/g). This suggests that the effect
of the WWTP diminishes with distance, which is in agreement with previous studies
(Bravo et al., 2011; Gascon Diez et al., 2014; Poté et al., 2008).

Concentration data alone was not enough to fully understand the dynamics of THg
associated with particles since variations in SAR modified the particulate THg signal,
as an example, when SAR increase, THg concentration decreases. As shown in Fig. 4,
fluxes of THg in settling particles showed a smaller variability than the corresponding
concentrations implying that concentrations of THg were strongly influenced by the
seasonal trends of sedimentation rates. Statistical analyses support this assumption:
whereas the difference between the median values among the THg fluxes on the
different seasons were not significant (p-value > 0.05), the difference among the THg
concentrations between winter and summer were significant (p-value < 0.05), at both
sites, NG2 and NG3. On the other hand, THg flux data at both sites showed that the
deposition of THg was greater in the bottom traps than in the top traps, pointing to the
likely influence of lateral advection of particles and/or sediment resuspensions at 5 m
above the sediment surface. THg fluxes were slightly greater at NG2 than at NG3, and
as NG2 is about one km closer to shore, lateral advections at this site could be due to
resuspension from the shallower areas where the sediments are slightly charged with
THg from the WWTP. In turn, NG3, with lower THg fluxes, would likely not be
affected by inputs from the coastal zone. Previous studies at these sites (Graham,

2015) showed similar trends for SAR, OM and CaCOs fluxes (Table 1).

104



Mercury distribution from the shore to the deep waters

Table 1. Comparative table of SAR, OM, and CaCOs fluxes per sampling site and
vear. Data from Dominik et al. (1993) and Graham (2015). Sampling depth are
represented by (a) 59 m (b) 75 m (c) 299 m (d) 132 m and (e) 192 m

SAR [g/m? d] SHL2-1986 SHL2-1987 SHL2-1991 NG2-2010 NG3 - 2010 NG2 - 2011 NG3 - 2011

Top trap 2.40° 2.22° 2.02° 4.93° 3.64° 4.43° 3.48°
Bottom trap 2.68° 2.90° 2.21° 6.97° 5.05° 5.38° 4.10°

OM[g/m? d] SHL2-1986 SHL2-1987 SHL2-1991 NG2-2010 NG3 - 2010 NG2 - 2011 NG3 - 2011

Top trap 0.13° 0.112 0.112 0.43° 0.30° 0.38° 0.33°
Bottom trap 0.17° 0.15° 0.12° 0.64° 0.39° 0.44° 0.36°

CaCO; [g/m?d] SHL2-1986 SHL2-1987 SHL2-1991 NG2-2010 NG3 - 2010 NG2 - 2011 NG3 - 2011

Top trap 1.03° 1.00° 0.81° 1.26° 0.98° 1.40° 1.23°
Bottom trap 1.07° 1.21° 0.63° 1.74° 1.35° 1.63° 1.43°

Comparing this data with previously published results for the center of the lake
(Dominik et al., 1993), it is noted that the SAR and OM fluxes at NG2 were greater
than at NG3 (as was also the case for the THg fluxes) suggesting that particles coming
from the coastal zone or WWTP also contained greater concentrations of OM which
decreased with distance from the shore as these resuspensions settled out of the water
column. The differences in CaCOs fluxes between NG2, NG3, and the center of the
lake were not as marked as for SAR, OM and THg fluxes, suggesting that endogenic
CaCoO:; is a significant source of calcite in the lake (Gascon Diez et al., under review;
chapter V of this thesis). Thus, production and settling of endogenic CaCOs3 crystals,
which is linked to the seasonal variation (Dominik et al., 1993) and are likely
responsible of the low concentrations of THg, through signal dilution, found in
sediment traps. In any case, SAR, OM and CaCOs fluxes at both sites were greater in
the bottom traps than in the top traps, and also greater at NG2 than NG3, reinforcing
the interpretation and effect of lateral advections and/or resuspension to the THg
fluxes discussed above. In turn, THg concentrations in sediments were expected to be
greater at NG2 than at NG3, instead, surface sediments at both sites presented close
average value. Overall, THg concentrations and fluxes in settling particles and

sediments at NG2 were similar; however, THg concentrations in settling particles were
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lower than concentration in sediments at NG3 (THg fluxes in sediments were not
measured at this site). The question of why the concentrations of THg in sediments are
higher than in settling particles at NG3 remains unanswered and more data, from a
longer sampling period or measuring THg fluxes to sediment surface at NG3, is
needed.

Finally, the maximum SAR, OM, CaCO3 and THg fluxes measured in December 2010
were likely due to intense rainfalls between October 2010 and January 2011 which
entailed a huge rise in the discharge of the Venoge River (Fig. S1) sweeping along
with it detrital material, organic matter and particulate mercury. This event could be
responsible of the high fluxes measured in both sites.

Another important input of inorganic Hg is aquatic system is the atmosphere.
Although, atmospheric depositional fluxes were not directly determined in this study,
Hammerschmidt and Fitzgerald, 2005 estimated the atmospheric deposition in Hg
contaminated areas to be around 3.5 pg/m? y (Lake County, North America).
Considering this value, the atmospheric deposition could account for approximately
2% at NG2 and 3.5% at NG3 to the THg fluxes. However, more measurements in this

direction would be needed to fully understand the Hg dynamics in Lake Geneva.
4.3. The fate of MeHg

Anoxic conditions prevailed in subsurface sediments while particles settled through
oxic waters (dissolved oxygen ~ 7 mg/L, Gascon Diez et al., under review; Savoye et
al., 2015), thus, higher concentrations of MeHg were expected in the sediments as
opposed to in settling particles. However, MeHg concentrations in settling particles
largely exceeded the concentrations found in sediments (Fig. 5) and contrary to THg,
the largest MeHg concentrations were found during the summer. This temporal trend
in the MeHg concentrations was similar to MeHg flux trends. In addition, contrary to
THg fluxes, MeHg fluxes did not show significant differences with relation to the
distance from shore. We suggest that in the case of MeHg, the high content of fresh
planktonic OM promoted the activity of the heterotrophic bacteria involved in
Hg-methylation processes (Heimburger et al., 2010; Schartup et al., 2015), Thus, the

MeHg found in settling particles would likely be related to internal production rather
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than the effect of the WWTP effluent. In addition, it is known that a high percentage of
the THg in fish is under MeHg form (e.g. Bravo et al., 2010), and previous studies in
Lake Geneva demonstrated that no significant difference in concentration of THg
exists between fish in Vidy Bay and fish collected from the water column ~ 10 km to
the west (a Porta, 2013) of the bay. This suggests that the concentration of biolabile

MeHg is similar in the water body.

Although some authors suggest that Hg-methylation may occur in settling particles in
the water column (Eckley and Hintelmann, 2006; Monperrus et al., 2007), it remains
unexplained in the present study, how anaerobic bacteria are able to methylate
mercury in particles settling under oxic conditions. We suggest that an anoxic
microenvironment with fresh organic matter would be formed inside the settling
particles; however, further investigations are being carried out in line with these results

(Gascon Diez et al., under review).
5. Summary

THg dispersion pathway from the shoreline to deeper waters of the lake showed a
decrease of particle-bound THg following this direction. However, the comparison of
SAR, OM and CaCOs between the sites NG2, NG3 and SHL?2 (the center of the lake),
indicated that, although THg fluxes at NG3 were lower than at NG2, NG3 was still
affected by the inputs from the shallow lake zones. On the other hand, THg fluxes
were observed to be overall higher in the bottom trap than in the top trap, indicating

sediment suspension or lateral THg fluxes more important at the bottom of the lake.

MeHg concentrations and fluxes were highly variable and did not follow the same
trend as THg. Significantly higher MeHg concentrations and fluxes were found in
settling particles than in sediments, suggesting an internal Hg-methylation process

within the sediment traps and/or the settling particles.
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Table S1. Sampling dates, SAR, OM and CaCOs3 data collected at NG2 and NG3

(Graham, 2015).
NG2 Top Trap NG2 Bottom Trap
Date in Date out SAR oM CaCO SAR oM CaCO

gmta %] ' [%] T mia %] e [%] T
13/11/2009 09/12/2009 7.80 0.03 141 0.1 235 0.2 8.29 0.03 11.73 0.07 24.4 0.2
09/12/2009 18/02/2010 2.249 0.003 9.66 0.05 24.3 0.1 5.338 0.007 8.86 0.04 25.09 0.09
18/02/2010 16/03/2010 1.588 0.005 8.04 0.09 25.9 0.2 5.13 0.02 6.90 0.07 271 0.2
16/03/2010 08/04/2010 1.458 0.005 1.3 0.2 225 0.4 3.86 0.01 9.5 0.1 22.6 0.3
08/04/2010 07/05/2010 4.67 0.01 12.3 0.2 43.4 0.3 6.96 0.02 11.0 0.1 33.9 0.3
07/05/2010 02/06/2010 4.42 0.01 9.61 0.06 253 0.1 5.75 0.02 9.24 0.07 31.4 0.2
02/06/2010 29/06/2010 8.73 0.03 6.09 0.05 17.2 0.1 9.55 0.03 7.00 0.04 17.10 0.09
29/06/2010 20/09/2010 7.887 0.008 6.66 0.03 27.32 0.07 9.84 0.01 9.18 0.03 25.54 0.06
29/09/2010 05/11/2010 3.700 0.009 10.53 0.06 19.8 0.1 4.91 0.01 9.49 0.05 19.6 0.1
05/11/2010 10/12/2010 4.60 0.01 9.83 0.05 254 0.1 4.56 0.01 9.13 0.06 25.0 0.1
14/12/2010 04/01/2011 7.09 0.03 9.02 0.09 27.6 0.2 11.64 0.05 8.38 0.07 25.8 0.2
04/01/2011 02/02/2011 1.080 0.003 14.1 0.1 23.3 0.2 3.271 0.009 8.66 0.09 23.2 0.2
02/02/2011 09/03/2011 0.829 0.002 13.1 0.1 171 0.2 2.936 0.007 7.74 0.06 22,6 0.1
09/03/2011 06/04/2011 3.88 0.01 10.1 0.2 36.7 0.4 5.1 0.02 7.5 0.1 22.6 0.3
06/04/2011 03/05/2011 3.46 0.01 8.05 0.08 65.8 0.2 5.1 0.02 7.61 0.09 56.8 0.2
03/05/2011 27/06/2011 2.488 0.004 11.3 0.1 22.0 0.2 2.740 0.004 11.4 0.1 24.0 0.2
27/06/2011 23/07/2011 7.21 0.02 7.74 0.07 38.2 0.2 6.98 0.02 8.07 0.07 37.8 0.2
23/07/2011 10/08/2011 7.08 0.04 8.65 0.07 38.3 0.2 7.52 0.04 9.29 0.07 36.6 0.2
10/08/2011 11/09/2011 14.75 0.04 7.43 0.07 31.6 0.2 15.18 0.04 7.53 0.08 35.1 0.2
11/09/2011 15/11/2011 2.252 0.006 6.31 0.04 14.46 0.09 2.458 0.007 5.02 0.04 13.85 0.09

NG3 Top Trap NG3 Bottom Trap
Date in Date out SAR oM CaCOs; SAR oM CaCOs3

meaq ' ° (%] ' (%] " gmg P [%] e %] '
18/02/2010 16/03/2010 0.934 0.003 9.2 0.1 212 0.2 4.415 0.003 6.23 0.06 27.2 0.2
16/03/2010 08/04/2010 1.090 0.004 12.6 0.2 18.4 0.5 3.672 0.004 9.0 0.1 21.7 0.3
08/04/2010 07/05/2010 3.417 0.003 12.5 0.2 47.5 0.4 5.323 0.003 10.7 0.1 325 0.3
07/05/2010 02/06/2010 3.008 0.003 10.62 0.08 25.8 0.2 3.768 0.003 9.57 0.07 36.1 0.2
02/06/2010 29/06/2010 5.712 0.003 6.87 0.06 15.7 0.1 5.973 0.003 7.7 0.06 16.7 0.1
29/06/2010 20/09/2010 6.062 0.001 6.45 0.03 29.17 0.06 6.874 0.001 6.39 0.03 29.30 0.07
29/09/2010 10/12/2010 2.250 0.001 9.57 0.06 21.5 0.1 3.138 0.001 8.72 0.05 22.7 0.1
14/12/2010 04/01/2011 3.350 0.004 9.7 0.1 26.2 0.3 6.748 0.004 8.41 0.09 24.01 0.2
04/01/2011 02/02/2011 0.813 0.003 12.2 0.2 20.5 0.4 2.273 0.003 8.94 0.09 22.5 0.2
02/02/2011 09/03/2011 0.636 0.002 10.27 0.09 19.0 0.2 3.117 0.002 7.10 0.07 22.0 0.2
09/03/2011 06/04/2011 3.400 0.003 9 2 27 4 5.068 0.003 6.2 0.2 20.0 0.4
06/04/2011 31/05/2011 1.716 0.002 13.1 0.1 43.0 0.3 2.741 0.002 9.31 0.07 43.4 0.2
31/05/2011 27/06/2011 2.501 0.003 12.16 0.09 223 0.2 2.282 0.003 11.76 0.09 26.6 0.2
27/06/2011 23/07/2011 5.765 0.003 7.92 0.07 41.8 0.2 5.067 0.003 8.33 0.08 39.1 0.2
23/07/2011 10/08/2011 5.265 0.005 9.58 0.08 41.6 0.2 5.804 0.005 10.01 0.08 36.9 0.2
10/08/2011 11/09/2011 11.100 0.003 7.62 0.07 39.1 0.2 9.428 0.003 8.13 0.08 47.5 0.2
11/09/2011 15/11/2011 2.980 0.002 11.13 0.18 29.0 0.4 3.467 0.002 10.07 0.07 29.6 0.2
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CHAPTER V

Mercury methylation in settling particles

This chapter investigates the importance of settling particles to mercury
speciation. Constraining the biochemical processes occurring within the
particles is crucial for the understanding of the general mercury cycle, and in
particular it allows a better definition of the pathways of particle-bound organo-

mercurials.
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Abstract

As the methylation of inorganic mercury (Hg") to neurotoxic methylmercury (MeHg)
has been attributed to the activity of anaerobic bacteria, the formation of MeHg in the
oxic water column of marine ecosystems has puzzled scientists over the past years.
Here we show for the first time that MeHg can be produced in particles sinking
through oxygenated water column of lakes. Total mercury (THg) and MeHg
concentrations were measured in settling particles and in surface sediments of the
largest freshwater lake in Western Europe (Lake Geneva). Whilst THg concentration
differences between sediments and settling particles were not significant, MeHg
concentrations were up to ten-fold greater in settling particles. MeHg demethylation
rate constants (ks) were of similar magnitude in both compartments. In contrast, Hg
methylation rate constants (k,) were one order of magnitude greater in settling
particles. The net potential for MeHg formation, assessed by the ratio between the
two rate constants (kn ks'), was therefore up to ten times higher in settling particles,
denoting that in-situ transformations likely contributed to the high MeHg
concentration found in settling particles. Hg methylation was inhibited (~80 %) in
settling particles amended with molybdate, demonstrating the prominent role of

biological sulfate-reduction in the process.

Keywords: methylmecury, mercury methylation, water column, sediments, settling

particles.
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1. Introduction

Anthropogenic activities such as artisanal gold mining, waste disposal, metal and
cement industries, and the burning of fossil-fuel fired power plants have greatly
increased mercury (Hg) dispersion and concentration in aquatic systems worldwide'.
Understanding the biological formation of the neurotoxic methylmercury (MeHg) in
aquatic ecosystems is critical because MeHg is bio-accumulated and biomagnified in
food webs, eventually affecting wildlife and human health?. It has been reported that
methylation of inorganic-Hg (IHg) into MeHg mainly occurs at oxygen water
columns® and/or sediments*® and is carried out by specific strains of a large set of
potential methylators such as sulfate-reducing bacteria (SRB), iron-reducing bacteria
(FeRB), and methanogens’”®. As Hg-methylation is mainly carried out by anaerobic
microorganisms, it has been assumed for a long time that compared to sediments
MeHg formation in oxic environments, such as water columns, was negligible due to
the presence of oxygen and the lower concentrations of bacteria and nutrients>”’.
Consequently Hg-methylation in pelagic freshwater systems remains largely less
explored than in sediments. In marine environments however, Hg-methylation was

recently reported to occur in the sub-oxic!®!!

and even in the oxic layer of the water
column'>'®, MeHg was hypothesized to be formed by microbes associated with
sinking particulate organic matter (OM)!'*"!3, but it remains unclear whether these
organisms are aerobic or anaerobic. Indeed, the genes responsible for Hg-methylation
(hgcAB) were rarely found in oxygenated layers of the open ocean'®, suggesting that
an unidentified metabolic pathway could be responsible for MeHg production in this
environment. In fresh water ecosystems, MeHg formation has been extensively

6,20-24

investigated in sediments and biofilms®>3° but rarely in the hypolimnetic

waters>-!

. MeHg formed in hypolimnetic waters compartment may actually represent
a significant source of MeHg to the food chain when the volume of such water is
larger than the volume of surface sediments®. Recent studies suggest that atmospheric
Hg can be methylated®? and even accumulated in food chains®® within 24 hours after
its deposition. Assuming that recently deposited Hg should theoretically reach anoxic
waters or sediments to be methylated, there is still no experimental explanation for

such rapid MeHg formation in aquatic ecosystems. Indeed, the fastest in siru MeHg
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production, assessed by the addition of Hg-spikes on a lake ecosystem, was detected
in anoxic bottom waters only after 72 hours**. We have thus hypothesized that rapid
methylation®? of recently deposited Hg could only be explained if Hg methylation
processes occur in the water column, in particular in settling particulate OM, even
under oxic prevailing conditions. This can be of major concern in deep lakes and
oceans where MeHg generated in the water column may be rapidly available to enter
the aquatic food web because it does not need to diffuse out from the sediments®>°.
As different concentrations of MeHg have been reported in water column of lakes

with identical inputs of IHg?, this study aims to provide an improved understanding

of the drivers and sources controlling MeHg levels in aquatic systems.

Here we measured Total-Hg (THg) and MeHg concentrations in settling particles and
sediments of the largest freshwater lake in Western Europe (Lake Geneva) for two
years and performed experimental studies to determine the rates, mechanisms, and
factors controlling the MeHg concentrations found in its oxic water column. This
study shows for the first time that [Hg can be methylated in settling particles of oxic
lake waters and suggest that SRB or organisms related to them such as syntrophs?” are

involved in the process.
2. Materials and methods
2.1. Study site and sampling strategy

Lake Geneva has an area of 580.1 km?, a maximum depth of 309 m and a volume of
89 km?’. It is a oxic monomictic lake with infrequent complete turnover’® From
December 2009 to September 2011, sediments and settling particles were collected in
Lake Geneva on a monthly basis at the sampling site NG2 (6° 35° 0°” E, 46° 30° 6°° N;
Swiss coordinates (m): 534350 E, 150400 N). This site has been previously described
by Graham® and detailed maps are presented in the supporting information
(Figure S1). Briefly, NG2 is located at 138 m depth and 1,100 m from an outlet pipe
discharging in Vidy Bay both treated and untreated sewage water of a wastewater

treatment plant (WWTP) located near the city of Lausanne?%40-43,

121



Mercury methylation in settling particles

To collect the settling particles, we used a sediment trap system formed by a weight,
an acoustic release, a sediment trap frame composed of six 80-cm-long Plexiglas tubes
of 11 cm internal diameter placed 5 m above the sediment (actual sampling depth:
132 m), and maintained by buoys** (Figure S1). Sediments underneath the traps were
recovered at the date of the sediment traps exchange, using two Mortimer gravity
corers attached together from which the first centimetre was subsequently
subsampled®. Furthermore, surface sediments (~ 1 ¢cm depth) were collected during
the summer 2010 using a Van Veen grab sampler at 15 additional sites (numbered
EGI1 - EG15) along a transect extending from Vidy Bay towards the main deep basin
(Figure S2). An aliquot of the WWTP sewage sludge was also sampled for subsequent
Hg analyses.

2.2. Hg-methylation and demethylation rate constants in sediments and settling

particles

Sediment traps were placed back at NG2, on May 15th and were changed on June
10th, July 14th and finally removed on August 14th, 2014. Hg-methylation rates were
determined in the upper first cm of sediments, where the highest MeHg
concentrations were previously observed®, and in settling particles. At 132 m depth
in Lake Geneva, dissolved oxygen was > 7 mg 1! | temperature 5.5 °C, conductivity
~300 puS cm! and pH ~ 8 (Figure S3)%. A volume of 32 ml of sediments was
collected from the top of a sediment core and was dispensed into a 40 ml vial
(head-space glass vials with PTFE caps) and were amended with 55 ul of 10 mg 1! of
'HgCl, and 80 pl of 0.4 mg 1! of 2°'MeHgCl and shaken, creating a sort of slurry.
Similarly, 32 ml of settling particles with their overlying water were placed into a 40
ml wvial, amended and shaken. To better constrain the role of anaerobic
sulphate-reduction on the Hg-methylation, we also amended sediments and settling
particles with molybdate (Na:MoOs4; 2.4 mM final concentration), a specific inhibitor
of the sulphate reducing metabolism?*. Immediately after the Hg tracers’ amendment
(to), one sub-sample was centrifuged at 3500 rpm for 25 minutes to extract the pore
water, and the supernatant water was filtered with 0.45 pm Sterivex syringe filters

and stored in 15 ml PP flasks at -20 °C for subsequent anion measurements. Three
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remaining sediment sub-samples were frozen and freeze-dried. Thus, three
control-replicate (no NaxMoO4* addition) and three molybdate-replicate (with
NaxMoO4?>) slurries were incubated close to lake temperature (4 °C) in the dark. After
48h (tr), we collected the pore water as described for to and we used the remaining
sediment for further determination of potential Hg-methylation. All sample

manipulations were done under a Nz-atmosphere.
2.3. Laboratory analyses
2.3.1. THg and MeHg concentrations in sediments and settling particles

For samples collected from 2009 to 2011, THg was analyzed by atomic absorption
spectrometry following the procedure described by Szakova et al.*¢ using an automatic
mercury analyzer (AMA-254). The absolute detection limit was 10 pg and the
concentrations obtained for repeated analyses of certified reference material (CRM)
never exceeded the range of concentration given for MESS-3 (National Research
Council Canada). MeHg was extracted from sediments using HNO3 leaching/CH>Cl;
and measured with a Cold Vapor Atomic Fluorescence Spectrophotometer*’#°. The
detection limit was 5 pg and the recovery of repeated extraction and analyses of the
used CRM (ERM-CC580) were always above 85%. Incubations and analyses for the
determination of Hg transformations were carried out according to Rodriguez-
Gonzalez et al’°. Briefly, IHg and MeHg were extracted from 200 mg of dry
sediments or settling particles with HNO3 (6N) under focused microwave treatment
and analyzed by species-specific isotope dilution, gas chromatography (GC)
hyphenated to an inductively coupled plasma mass spectrometer (ICP-MS).
Methodological detection limits for Hg species were 0.03 ng g!. The extraction and
quantification were validated with a CRM (IAEA-405) and recoveries were 102 + 7
and 97 £ 4 % for MeHg and [Hg, respectively. The concentrations of the added and
formed Hg species deriving from the enriched isotopes 199 and 201 were calculated

by isotopic pattern deconvolution methodology.

123



Mercury methylation in settling particles

2.3.2. Sulfate-reduction rates

Sulfate (SO4*) consumption was measured in pore water of sediments and settling
particles collected in sediment traps. To extract pore water, sediment core and trap
samples were centrifuged (3,500 rpm 25 min). Overlying water after centrifugation
was filtered with 0.45 um Sterivex syringe filters under a N>-atmosphere. Differences
on SO4* concentrations between to and tr were used to calculate sulfate-reduction rates
(SRR) in control samples and MoOs*> amended sediment. SO4* values were
normalized with the chloride (CI") concentration that is constant during the incubation
period. SO4* and CI" concentrations were measured by ionic chromatography (IC)
Dionex, AS19 IonPac column. Analyses were carried on duplicates and the accuracy

was tested with the CRM ONTARIO-99 (Environment Canada).
2.3.3. Total organic carbon, mineral carbon, Hydrogen Index and Oxygen Index

Total Organic Carbon (TOC), hydrogen Index (HI) and Oxygen Index (OI) were
determined by Rock-Eval® pyrolysis method Model 6 device (Vinci Technologies)
following the procedure published by Espitalie, et al.’!. During Rock-Eval® analyses,
organic carbon decomposition resulted in 4 main peaks: S1 peak («free» hydrocarbons
released during the isothermal phase); S2 peak (hydrocarbons produced between
300 °C and 650 °C); S3 peak (CO> from pyrolysis of OM up to 400 °C); and S4 peak
(COz released from residual OM below ca. 550 °C during the oxidation step). Mineral
carbon decomposition is recorded by the S3’ peak (pyrolysis-CO> released above 400
°C), and S5 peak (oxidation-CO; released above ca. 550 °C). These peaks are used to
calculate the amount of TOC and the amount of mineral carbon. In addition, the so-
called hydrogen index (HI = S2/TOC) and oxygen index (OI = S3/TOC) are
calculated. The HI and OI indices are proportional to the H/C and O/C ratios of the
organic matter, respectively, and can be used for OM classification in

51,52

Van-Krevelen-like diagrams®'=2. HI is expressed in mg HC g™! TOC, and OI in mg
CO:2 g! TOC. The standard used was IFP 160000 Rock-Eval and the analyses were
carried out on 50-100 mg of powdered dry sediment under standard conditions.
Analytical precision was better than 0.05 wt.% (1c) for TOC, 10 mg HC g! TOC (10)

for HI, and 10 mg CO, g! TOC (1o) for OL
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2.34. Total nitrogen analyses

Total nitrogen content (% N) was analyzed in a CHN Elemental Analyzer (Carlo Erba
Flash EA 1112 CHNS/MAS200) using approximately 10 mg of dry powdered
sediment. The carbon/nitrogen (C/N) ratio was calculated as the weight ratio of the
TOC measured by the Rock-Eval® pyrolysis (see above) and the N content analyzed
by CHN Elemental Analyzer. Precision was better than 1% based on internal standard

and replicate samples.
2.3.5. Mineral composition diffraction analyses

Bulk mineralogical composition was performed using a X-TRA Thermo-ARL
Diffractometer, following the procedure described in Klug and Alexander®® and
Adatte et al.>*. This method for semi-quantitative analysis of the bulk rock mineralogy
(obtained by XRD patterns of random powder samples) uses external standards with
error margins varying between 5 and 10% for the phyllosilicates and 5% for grain

minerals.
2 4. Statistical analyses

Normality was tested using the Shapiro-Wilk test. Annual THg concentration datasets
followed a normal distribution in sediments and settling particles. However, MeHg
and %MeHg/THg datasets followed a non-normal distribution; therefore the
Mann-Whitney rank test was used to assess differences in median values between the
two groups (sediments and settling particles). Similarly, correlations between C/N and
%MeHg/THg were tested with Spearman rank order correlations. Finally, as
Hg-methylation rates were normally distributed, one-way ANOVA tests were
performed to compare the results of the three different incubation conditions versus
the control group (Holm-Sidak method) Overall the significance level was set to 0.05.

All the statistical analyses were performed with SigmaPlot 11.0 software.
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3. Results and discussion

3.1. Temporal trends of THg and MeHg concentrations in sediments and settling

particles

THg concentrations at NG2 ranged between 174 £+ 4 and 270 £+ 58 ng g! in sediments
and from 73.4 = 0.4 to 257 = 9 ng g'! in settling particles (Figure 1). Variations in
THg concentrations between sediments and settling particles were not statistically
significant (p > 0.05). In contrast, MeHg concentrations were significantly higher
(p <0.05) in settling particles (from 0.62 + 0.04 to 11.38 + 0.02 ng g!) than in
sediments (from 0.31 =0.03 to 1.67 = 0.02 ng g™!).

A significant seasonal pattern (p < 0.001) was, however, observed for THg
concentrations in settling particles with the lowest values (< 100 ng g!) registered
during late summer-early fall compared to the winter period showing higher
concentrations. MeHg concentrations were more variable throughout the sampling
period and, contrary to THg, did not show any seasonal pattern. This contrasts with
other studies where a high seasonal variability was reported, for example in estuarine
suspended particles™. Likewise, the proportion of MeHg to THg (%MeHg/THg), also
used as a proxy of net MeHg production'®, was significantly higher in settling

particles (0.4 % - 9.6 %) than in sediments (0.2 % to 0.8 %).
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Figure 1. Concentrations of total mercury (THg), methylmercury (MeHg) and MeHg

as THg percentage (% MeHg/THg) in settling particles (dash line) and sediments
(solid line) at Lake Geneva from December 2009 to September 2011 .
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Considering a concentration of suspended particles of 0.4 g m> (lake volume-
weighted arithmetic mean) in Lake Geneva®® , the estimated mass of particles in the
whole lake is approximately 35,600 tons. Thus, in view of the concentration of MeHg
in suspended particle being equivalent to the concentration in settling particles
(3.6 ng g!), the total amount of MeHg in this compartment is estimated to be around
130 g, accounting for roughly 10 % of the total amount of MeHg estimated be
contained in the first cm of the sediments. It thus represents a significant pool of
MeHg in this ecosystem and should be considered in further studies to better predict

and constrain all sources of MeHg to food webs in aquatic systems.
3.2. THg and MeHg sources for Lake Geneva

Previous studies demonstrated that the sewage water discharges alter sediment
characteristics®® and are the main source of pollutants for Vidy Bay>”*®. Catchment
inputs of THg to Vidy Bay are low compared to the releases of the WWTP#-738 In
contrast, we have previously demonstrated that MeHg concentrations found in
sediment mostly originates from in situ production in sediments®® and that the higher
Hg methylation rate constants were found closer to the pipe?®. In this study, MeHg
concentrations measured in fifteen surface sediment samples along a transect from the
shore to the deeper part of Vidy Bay (Figure S2), show a clear decrease with distance
from the WWTP. In particular, at site EG4 (Figure S2), 530 m away from the outlet
pipe, the concentration of MeHg was approximately 30-fold lower than the most
contaminated site (EG3) suggesting that at NG2, which was located at 1,100 m from
the outlet pipe, there was no effect of the catchment area and/or the WWTP inputs.
Furthermore, the MeHg concentration measured in the WWTP sludge before its
release was 1.6+0.2ngg!, lower than the MeHg concentrations most often
encountered in settling particles (Figure 1). Altogether, it suggests that the MeHg
foundin settling particles cannot be explained either by catchment inputs, or by the

WWTP releases.
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3.3. Hg species transformation rates in sediments and settling particles

The methylation rate constants (k») in sediments ranged from 1.0 x 1073 to
6.8 x 10~ day™! from mid-May to mid-August, without following any particular trend
(Figure 2). In contrast, km were about one order of magnitude higher (p < 0.05), in
settling particles than in sediments and they also showed an increasing trend over the
summer period, from 1.6 x 102 to 6.5 x 102 day™!' (Figure 2). These k» values were
similar to those measured in the anoxic hypolimnetic water of some Canadian lakes
where k, ranged between 4.1 x 10 and 1.5 x 102 day™! 3. On the other hand, MeHg
demethylation rate constants (k;) in sediments and settling particles were on the same
order of magnitude (Figure 2). No seasonal trend could be seen in settling particles
where kg4 ranged from 0.086 to 0.219 day™! while in sediments k4 increased from 0.064
in spring to 0.330 day!' for late summer. As a result, the kn ks ratios were 10-fold
higher in settling particles than in sediments from June to August. Even if the
bioavailability of added Hg tracers might differ from the natural Hg species, the k ki’
ratios can be compared to the % MeHg/THg among sites and/or samples from the
same site>®. Our results thus clearly show a higher potential for net MeHg production
in the settling particles compared to surface sediments, confirming our previous
hypotheses based solely on MeHg concentrations and higher proportions of MeHg to
THg.

The semi-confined conditions in the sediment traps may have artificially enhanced Hg
methylation compared to the open water column. However, redox and O
measurements in the sediment traps are very similar to in-situ conditions (Figure S3).
In addition, there was indirect evidence that conditions remained oxic during the
incubations. For example, the color of the incubated samples indicated that Fe was
mainly found as Fe-oxyhydroxides and not as a ferrous-sulfide minerals suggesting a
limited accumulation of H,S. Furthermore, the percentage of '”MeHg formed from
the added '’IHg was in the same range as the ambient MeHg to IHg ratio found in the
traps collected during the period 2009-2011 (3.0 - 12.7 % vs 0.4 - 9.6 %, respectively).
This similarity also confirmed the relevance of the incubations compared to in situ

conditions.
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and C: net MeHg formation (km ka! ratio) of settling particles and surface sediments

from mid-May to mid-August 2014.
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Our results thus show that methylation of IHg occurs in the water column of Lake
Geneva during the time span that particles take to settle out of the water column,
which is around one month**%, Contrary to other lakes where Hg-methylation has
been observed in the oxygen depleted water column, Lake Geneva, at 132 m depth, is
oxic with~7 mg I'! of O, (Figure S3), implying that both settling particles and surface
sediments remain in an oxic environment throughout the year. Our results, along with

3,12-16

those obtained from filtered/unfiltered water, cited above indicate that settling

particles are a potentially important compartment for MeHg production.

3.4. Bacterial anaerobic metabolism contributes to Hg methylation in oxic water

column

Despite the fact there are many organisms with the capacity to methylate Hg**!”, SRB
have been specifically identified as important Hg-methylators in aquatic systems?3-33.
In this study, molybdate amendments led to an inhibition of around 80% of the
Hg-methylation rates in sediments and between 60% and 90% in settling particles
(Figure 3). The role of sulfate reduction on Hg methylation in settling particles is
further supported by (i) the positive correlation between Hg-methylation rates and
sulfate consumption and (ii) the concomitant inhibition of sulphate consumption and
Hg-methylation. This study demonstrated the occurrence of biological Hg-methylation
in settling particles of Lake Geneva and our results points to an important role of
sulfate-reducers in the process; however, iron-reducing bacteria involvement is not
excluded, as it was suggested previously in the sediments of Lake Geneva?®. The use
of direct probing of the recently discovered hgcA and hgcB gene cluster’ will be
tremendously helpful in further studies to characterize the microbial Hg methylating
community in settling particles and sediments. As biogeochemical conditions during
incubations (O2 concentrations, temperature and bacterial anaerobic metabolism) were
similar for both sediments and settling particles, we rather ascribed differences in
MeHg production between the two compartments to OM quality driving both Hg

availability and bacterial activity.
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Figure 3. A: percentage of methylation inhibited in settling particles and sediment
samples amended with molybdate (MoO4). B: Sulfate (SO4") consumption in relation
with kn of settling particles; Black symbols represent control settling particles and
grey symbols molybdate amended settling particles; Circles correspond to samples of

May-June; triangles to samples of June-July,; and squares to samples of July-August.

3.5. Organic matter quality favors Hg-methylation in particles compared to

sediments

As the sampling station was far from the shore (~2 km) and distant to major river
inputs, OM in settling particles originates largely from phytoplankton. This is first
confirmed by the abundance of diatoms and thecamoeba in the sediment traps
(Figure S4). The mineralogy of settling particles and sediments are qualitatively and
quantitatively very similar, except for calcite, which is more abundant in settling
particles than in sediments, especially from July to September (Figure SS5). This
increase in calcite in settling particles could be caused either by an enhanced
precipitation due to the higher temperatures typically occurring in summer, either by

an increase of biological productivity®®!

. The negative correlation between calcite and
i) phyllosilicates (R?: -0.85) and ii) quartz (R?: -0.82), both from detrital origin,
confirms biological in-situ production of calcite (Table S1). Moreover C/N ratios and

HI and OI indexes, which are indicators of sources and degrees of biological and
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diagenetic alteration®?, were measured in samples collected from December 2009 to
September 2011 (Figure 4). The C/N ratios were higher in 2010 than 2011 in both
compartments but overall always higher in sediments than in settling particles,
meaning that OM in bulk sediment was either more degraded or more terrestrial than
in settling particles. These results are further supported by the HI and OI indexes that
can also differentiate the OM of algal origin from the more degraded or terrestrial
OM®%_ HI and OI indexes clearly discriminated OM composition between the
settling particles and the sediments collected from 2009 to 2011 (Figure 4) but also in
the slurries made in 2014 (Figure S6). In the latter, OM in settling particles was more
of algal origin and showed a less-reworked and degraded status than the sedimentary
OM. Combined analyses of mineral and OM composition support that OM in settling
particles was enriched in algal derived OM and less degraded than in sediments. This
energy rich OM can serve as an electron-donor to provide energy and carbon to the Hg
methylators and consequently enhance MeHg production in settling particles?'. A
MeHg enrichment in algae of settling particles compared to sediments could also
contribute to MeHg concentrations in settling particles, especially over the summer.
Several studies showed that Hg uptake by bacteria or phytoplankton microorganisms
can be affected by low molecular weight thiols complexing Hg, and/or the degradation
state and origin of the OM that binds Hg®%”. In pelagic sea waters, the sinking
particulate OM has already been suggested as the main compartment for
Hg-methylation'?. In this study we reveal that Hg methylation can also occur in oxic
water columns of freshwater ecosystems likely due to the presence of fresh labile OM
and micro anoxic environments in settling particles, as it was previously reported in
pelagic sea waters'4. Besides the type of OM determining the quality of the electron
donors for Hg methylating bacteria, the redox potential within these micro anoxic
environments and the formation of dissolved or nanoparticulate mercuric sulfides in
these micro-environments likely effect Hg methylation processes in both settling

particles and surface sediments®.
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line). B: Hydrogen index (HI) versus oxygen index (Ol) in all samples taken at NG2
from December 2009 toSeptember 2011. Blue and brown symbols represent settling

particles and sediments respectively.
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3.6. Environmental perspectives

Settling particles in our study consisted of allochthonous material (quartz grains and
clay particles) but also of autochthonous components such as diatom frustules,
aggregates of organic mucilage (fecal pellet) and organo-mineral flocs (Figure S4).
Abrupt changes of the inner physico-chemical conditions, e.g. dissolved oxygen
gradients at micrometer scale, have been observed in the sinking organic particles of
marine oxic water column®-7!, Particle association creates a spot in the oxic water
column where suboxic or anoxic processes can occur due to the formation of
microscale oxyclines’”®. The sulfate-reducing potential by anaerobic microbes in the
reducing microzone of such particles has been demonstrated in marine detrital
aggregates’, and are supposed to be strongly activated by the sharp oxygen gradient
occurring in such particles. We suggest that such suboxic/anaerobic microzones also

develop in the lake settling particles and that they are ideal for Hg methylation.

Despite our improved understanding of the microbial Hg-methylation, we have only a
vague idea of the MeHg sources for aquatic food web and factors that control the
efficiency of that methylation. This study demonstrates conclusively that Hg can be
methylated within the lake oxic water column to form MeHg to a greater extent than
MeHg formed in the sediment, and we suggest that this contribution has so far been
underestimated. Our results provide evidence to conclude that higher concentrations
of MeHg in settling particles are caused by enhanced in situ MeHg production and by
MeHg enrichment in algae. The identification of sources of MeHg has far-reaching
implications for central scientific questions in Hg biogeochemistry and should be
considered in future biogeochemical Hg cycling models at regional and global scales.
In fact, settling particles formed partially by planktonic detritus might be an important
source of MeHg for uptake into the food web?®. As there are 27 million water bodies
larger than 0.01 km? excluding Caspian Sea and around 2,000 larger than 100 km?
(i.e. Tanganyika, Victoria, Titicaca, Lake Baikal, the American Great Lakes and large
Chinese or Brazilian reservoirs)” the formation of MeHg in the water column of

freshwater systems might be thus a global issue.
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sampling device designed to collect settling particles.
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Figure S2. Location map of the study area and sample sites (EG and NG). EG2
represents the point of outlet pipe of sewage treatment plant discharge in the bay and
EG6 (NG2) the site where sediment samples were collected and sediment traps
deployed. The size of the circles is proportional to the MeHg concentration. Distance

to the outlet pipe and MeHg concentrations in sediments are presented in on the right.
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August at the center of Lake Geneva (data from CIPEL/INRA). B: Redox and dissolved

oxygen measured at three different depths in the sampling traps at NG2, 132 m.

139



Mercury methylation in settling particles
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Figure $4. A: May-June: The predominance of diatom frustules as autochtonous
component is well visible. Close to the centre, a testate, agglutinated thecamoeba.
B: June-July 2014, Organo-mineral flocs (packed by organic mucilage, lower left).
Various diatoms (centric, Fragilaria sp.). Staurastrum sp. (Chlorophyta,
“tripod”-shaped, upper center).

Imaging was performed with a Jeol® JSM 7001F Scanning Electron Microscope
(Jeol Ltd., Tokyo, Japan) with an acceleration voltage of 15 kV following the method
described by Jaquet, et al.”®. Elemental semi-quantitative analyses were done with a
JED2300 EDS detector. Brifiely, a dilute suspension of trap sediment was filtered on
Millipore® polycarbonate (PC GTTP; 0.2 um) for SEM+EDS. Filters were air-dried,
and no fixation was applied on this first set of samples. Sub-samples of loaded filters
were mounted on a conductive support (aluminum stub) with double-sided conductive
carbon tape. A coating of gold (ca. 15 nm) or carbon (ca 15 nm) was then deposited
on the samples by low vacuum sputter coating prior to imaging.
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Figure S5. Mineralogical composition of A) settling particles B) sediments and C)
percentage of calcite in settling particles (blue) and sediments (red) over time.
Briefly, the Vidy Bay mineralogical compositions was dominated by phyllosilicates
(mv: 39%, std dev: 3.7%), quartz (mv:18%, std dev: 3.6%), calcite (mv: 23%, std
dev: 3.42%) and plagioclase (mv: 9%, std dev: 3.10%). K-Felspaths and dolomite
are minor components with mvs of 2.7% and 1.7%, respectively. The non-quantified
portion corresponds to poorly crystallized materiel (iron hydroxydes and sulfides,
clay minerals and colloidal material (mv: 6.5%, std dev: 1.65). Calcite was however

higher in settling particles than sediments.
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Figure §6. Hydrogen index (HI) versus oxygen index (Ol) measurements in the
samples used for the determination of Hg methylation and demethylation rate
constants. White symbols represent settling particles and black symbols sediment
samples. Circles correspond to samples of May-June; triangles to samples of June-

July; and squares to samples of July-August.
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Table S1. Correlation matrix between the different mineralogical components of Vidy

Bay sediments and settling particles.

CF;i)rzrlsazgn Phyllosilicates Quartz Feldspath-K | Plagioclase-Na Calcite Dolomite
Phyllosilicates 1
Quartz 0.53** 1
Feldspath-K -0.36 -0.06 1
Plagioclase-Na -0.14 0.22 0.29 1
Calcite -0.85** -0.81** 0.09 -0.21 1
Dolomite 0.43* 0.05 -0.36 -0.17 -0.24 1

** Correlation is significant at the 0.01 level (2-tailed).
*. Correlation is significant at the 0.05 level (2-tailed).
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Discussion and Conclusions

1. General discussion

The main issue addressed in this study was the understanding of the fate of particle-
bound contaminants in large lakes, from the shore to the deep lake, using mercury

species as tracers of contamination. Vidy Bay, Lake Geneva, was used as case study.

This thesis covers different aspects concerning the accumulation of contaminants,
primarily in lake sediments and settling particles. It general goal was to define the fate
of pollutants rejected in a contaminated freshwater basin by a domestic-industrial
waste water treatment plant (WWTP). Heavy metals, newly called toxic trace metals,
and in particular mercury, have been the subject of this study. As there are not many
investigations evidencing the impact of WWTP effluents and their fate in lake
sediments and particles, the findings of this work could be used to predict their
behaviour in future cases of contamination under similar conditions and/or

environments.

1.1. Historical and current THg accumulation and fate in sediments and settling

particles

It is widely known that sediments act as natural archives of contamination, and
sediments of Vidy Bay provide a good example. A sediment core retrieved between
the old and the new outlet pipes of Vidy Bay enclosed sediments as old as
ca. 1915 AD. The high resolution analyses carried on showed an increase of Pb, Cd,
Cu, Zn and Hg even before the implementation of the WWTP, coinciding with the
beginning of the global industrialization. With the commissioning of the WWTP, in
addition to these five elements, the concentration and enrichment factors of other
elements such as Ag and Bi drastically increased. Fe, or even other non-metallic
elements such as phosphorus and sulphur, usually considered as detrital, in this area
were contained in the effluent of the WWTP. These last elements, either due to a direct
pollution because of their use in certain depuration treatments (FeCls to precipitate P),
or to their relation to the released organic matter (the case of S) were considered as

anthropogenic elements or trace metals.
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The concentration of the majority of trace metals dropped in the early 1980°s probably
due to a combination of a raising awareness on the toxic effects of excessive use of
toxic trace metals on a daily basis; and the improvements in the efficiency of the waste
water treatment. Nevertheless, Hg showed a peak of concentration in 1986 with a
maximum of 11 pg g!. This high value decreased in the following years, and with the
displacement of the outlet pipe of WWTP in 2001, concentrations continued to
decrease, tending nowadays to pre-industrial values, meaning that on this site,
sediments were not anymore affected by the effluent (Chapter II). However, some of
the studied toxic trace metals were still in high concentrations in recent sediments of
Vidy Bay affected by the second location of the outlet pipe (Masson and Tercier-
Waeber, 2014). In particular, mercury, in most of the sediment cores retrieved in the
surroundings of the WWTP, reached (in some sampling sites) 4 and 10 ug g*' (Chapter
I1I), which is 330 times higher than the 0.03 ug g! of the natural background of Lake
Geneva sediments (Vernet and Viel, 1984), and exceeded the probable effect
concentration (PEC) value. PEC is a sediment quality guideline established at
1.06 ng g*!, above which adverse effects in sediments are expected to frequently occur
(MacDonald et al., 2000). In addition, based on the color, texture and structure, the
area of surface sediments affected by the sewage water and/or sludge was
approximately 1km?. This area was classified on 6 different types of sediment
(Chapter III), and THg concentrations were measured in each type. No correlations
were found between the sediment types and THg concentration. In turn, a correlation
was found between THg concentration in the bay and the distance to the WWTP outlet
pipe. THg concentration in surface sediments at the reference site of Lake Geneva
(SHL2, Fig. 1) is 0.17 pg g, considering this value as the current background
concentration of the lake, the area considered as contaminated by the WWTP (over
~0.2 ng g!) was about 3 km®. In addition, the THg partition coefficient (logKy,) in
Vidy Bay varied from 3.6 to 5.8 1 kg'!, which values were similar to those found in
other lakes considered as Hg-contaminated. As logK, represents the ratio between the
THg concentrations in sediments and THg concentrations in the porewater, high
values of logKs suggested diffusion of THg from the sediment to the pore water. On

the other hand, overlying water contained between 4 and 40 times more THg when
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non-filtered compared to filtered. These results, in Chapter III, provided a first

approach of the fate of THg in sediments and suspended particles.
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Figure 1. Location of the reference site, SHL2, in a bathymetric map of Lake Geneva.
Source: Anneville et al. (2006).

To better understand the processes between the surface sediments and the water
column, settling particles and surface sediments were collected at two sites in the lake,
(1) NG2, at around one kilometer to the south of the contaminated zone, and (i1) NG3,
outside Vidy Bay, at around two kilometers to the south. At NG2, concentrations and
fluxes were higher and more variable than at NG3. This suggested that NG2 was more
influenced by the coast (comprising WWTP inputs) than NG3. However, comparing
SAR and OM fluxes at NG2 and NG3 to the SAR previously registered in SHL2, it is
suggested that, although NG2 is more affected by littoral inputs, NG3 is still
influenced by the shore. Moreover, THg fluxes suggested that THg concentrations in
sediments traps were strongly influenced by the seasonal trends on sedimentation
rates, including temporal patterns of OM and CaCOs sedimentation. Thus, overall the
lowest THg concentrations were found in summer, and the highest in winter. In
contrast MeHg did not follow the same seasonal trends as THg. Generally, the highest
MeHg concentrations were observed in summer and they were not subjected to SAR,

OM or CaCOs fluxes (Chapter IV).
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At both sites, the deposition of THg was higher in the bottom traps than in the top
ones, supporting the hypothesis that these sites were influenced by sediment
resuspension. On average, NG2 had 30% more THg deposition in the bottom than in
the top trap; and at NG3, THg fluxes were on average 50% higher in the bottom trap
than in the top one. SAR followed the same trend, which implies that the flux of THg
was directly linked to particle transport. The fact that at NG2 the proportion of
deposited material in the bottom trap was lower than at NG3 could be related to the
morphology of the sediment bed. There was a difference of 50 - 60 m depth between
the two bottom traps that could be reflected in data, showing more dragged or
resuspended material at NG3 bottom, whereas at NG3 top, settling particles seemed to

be more authigenic.

Shore Lake surface Deep lake

4 —)

m Water D THg fluxes
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Figure 2. Schema of particle transport from the shore to the deep lake. Size of arrows
in the water column symbolize the decrease of the fluxes with the distance shore-deep

lake (not to scale).
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1.2. MeHg distribution and production in lake compartments

Understanding MeHg behaviour and fate in a freshwater contaminated area was an
important part of this work. To do this, several approaches were presented in Chapter
II. In such, MeHg was measured in pore waters in the 6 first cm of sediments,
founding a MeHg/THg ratio of 0.44 + 0.25% in the 0 — 1.5 cm layer that decreases
with depth. This approach of methylation process indicated that MeHg primarily
occurred in the upper layer (0 — 1.5 cm). On the other hand, in the same sediments,
MeHg concentrations were higher in non-filtered overlying waters (0.14 — 1.7 ng I'")
than in filtered ones (0.03 — 0.2 ng I'"), but in any case, exceeding the 0.05 ng I'' found
in the water column in the centre of the lake (Bravo, 2010). These results suggested
that particles in the water column were good carriers of MeHg. In order to better
understand the role of settling particles in MeHg production and fate, they were
collected at NG2 and NG3 during almost two years, similarly to THg discussed above
and in Chapter IV. Although MeHg is supposed to be bound to settling particles and
organic matter, MeHg concentrations and fluxes, and MeHg/THg ratios measured in
settling particles did not show any similarity with THg, OM fluxes and SAR patterns.
This pointed to a possible formation of MeHg in these particles that reside in the oxic
water column of Lake Geneva. This is a critical question; Hg-methylating microbes
have an anaerobic metabolism, and Hg-methylation is known to occur in oxic-suboxic
sediments, thus, higher concentrations of MeHg were expected to be found in
sediments than in settling particles. In turn, MeHg concentrations in settling particles
largely exceeded the concentrations found in sediment, with higher values in summer.
Since settling particles are richer in OM during summer time (Graham, 2015), the high
content of fresh planktonic OM was supposed to enhance the activity of the
heterotrophic bacteria involved in the Hg-methylation processes (Heimburger et al.,
2010; Schartup et al., 2015). Results of Chapter V suggested that Hg methylation
occurred elsewhere than in sediments, probably within the particles settled in the traps.
Recently, other authors worked on filtered and unfiltered lake waters to answer this
question, indicating that mercury methylation likely occurred in suspended particles of
the hypolimnion (Eckley et al., 2005). Neverthelss, none of them measured potential
methylation rates directly in settling particles. This study showed 10-fold potential
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methylation rates in settling particles than in surface sediments, and it showed to be
inhibited in ~80% in presence of molybdate, indicating that sulfate-reducing bacteria
(SRB) would be well involved in the process of Hg methylation of both, sediments and
settling particles (Fleming et al., 2006). As these bacteria are anaerobic, the high
methylation rates found in settling particles could be mainly explained by the
combination of two aspects; (i) by the differences on C/N ratio, and HI and OI, as
proxies of the quality of the organic OM. Higher C/N ratios were observed in
sediments than in settling particles, which means that the OM was fresher than in
sediments. HI and OI values confirmed this, settling particles showed high HI values
and low OI values (and vice-versa in sediments), pointing to an algal content in OM in
settling particles, and more terrestrial in sediments. Thus, theoretically, MeHg should
be bound to the planktonic settling particles which should be of easier uptake for SRB
(Schartup et al., 2015). (i) Settling particles would be formed by aggregates with
particular physico-chemical conditions creating gradients of dissolved oxygen at
micrometer scale, allowing SRB-survival in low oxygen microzones (Shanks and
Reeder, 1993) and consequently being able to methylate. Finally, it is important to
note that the high concentrations and fluxes of MeHg were found much more
mitigated in sediments, suggesting either a degradation of this molecule from the
production to the sedimentation, or a possible influence of a sampling artefact in the
methylation process. Further studies are needed to completely understand the role of
sediment traps in MeHg and/or the formation and degradation of MeHg in these

ecosystems.
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2. Conclusions

This work showed the importance of particle-bound contaminant behavior in a
freshwater system and the key factors affecting the fate of pollutants reaching the lake
from the shore. A high-resolution multi-proxy study was critical to determine the
history of mercury contamination in Vidy Bay. In general all the trace metals reached
their maximum values just after the implementation of the WWTP in 1964, mercury
also increased from this date; however its maximum contamination peak corresponded
to 1986. The inputs of the WWTP also changed the sedimented OM providing HI and
OI values that are typical of algal-rich sediments. THg concentrations showed that the
most contaminated area of Vidy Bay was the closest to the outlet pipe since the
concentration on sediments and pore waster was distance-dependent. In these
sediments, THg partition coefficient (sediment-pore water); and THg and MeHg
concentrations in non-filtered overlying waters were significantly high, showing an
interaction between the sediment boundary layer and particles in the water column.
Thus, mercury concentrations and fluxes in suspended particles were studied, showing
that THg particulate inputs from the shore decreased towards the deep lake, and,
although the distal site was at almost 3 km of the shoreline, it was still affected by
littoral inputs. THg resuspension was noticed 5Sm above the sediments. This process
was of greater magnitude in the deeper sites likely due to the inputs caused by the
depth gradient between sites. THg was a good tracer of contamination in freshwater

particles.

On the other hand, as predicted by non-filtered overlying water measurements, settling
particles were highly charged on MeHg. Furthermore, MeHg concentrations of settling
particles largely exceeded the concentration in surface sediments that were supposed
to be the propitious sub-oxic environment for Hg-methylation processes. Indeed,
significantly higher potential methylation yields were measured in settling particles
than in sediments. These differences in the methylation processes were ascribed to
differences on the quality of OM between settling particles and sediments. It was
observed that OM in settling particles was fresher or more algal-like than in sediments,
which can readily be up-taken by microorganisms responsible for Hg-methylation.
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However, Hg-methylation in the oxic freshwater column remains poorly understood.
Although redox and dissolved O> measurements in the sediment traps did not show
drastic changes compared to the water column conditions, the sediment traps might
have artificially enhanced Hg methylation compared to the open water column due to
their configuration. The particular biochemical behavior of MeHg and its dependence
of microorganisms to be synthetized, MeHg could not be used for tracing the transport

of particle-bound contaminants.

3. Perspectives

In order to have a better idea of the actual quality and origin of the organic matter in
sediments affected by the effluent of the WWTP, it is suggested to further complete
OM analysis by carrying out more measurements by transmission electron microscope

(TEM) in sediments as those studied in Chapter II.

Regarding Hg fluxes, it would be interesting the measure THg (and MeHg) fluxes in
sediments at NG3 to better understand why at NG2 and NG3, the concentrations of

THg is similar in sediments, but different in settling particles.

Finally, to better constrain the role of settling particles on Hg-methylation processes
further experiments should be carried out. One of the main artifacts of the experiments
used in this study was that sediment traps could have induced micro anoxic
environments themselves. A good way to exclude this possible effect of the traps
would be sampling enough volume of water and centrifuge on-site, and then particles
should be immediately frozen to avoid induced methylation. At the same sample site,
different sediment layers should be collected at 0 - 1.5 cm and 1.5 - 3 cm depth.
Amendments with specific mercury isotopes should be performed in both, settling
particles and sediments, to determine the potential rates of mercury methylation. This
would avoid the possible artifact of the traps and would help to balance the importance

of MeHg formation in each compartment for a better understanding of Hg cycle in
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freshwater lakes. One of the disadvantages of this experiment would be that particles

would likely be damaged during the centrifugation.
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